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Humans have dramatically accelerated mercury (Hg) cycling in ecosystems
across the globe due to anthropogenic activities. Depending on the speciation and
concentration of Hg, exposure to this metal can cause a variety of health problems,
which has led to significant research and regulation efforts to reduce the use and
release of Hg. Despite these global and regional efforts, Hg will continue cycling at
elevated levels for thousands of years due to its persistent nature. Continued
cycling of Hg following its initial release is now of significant concern since around
two-thirds of annual Hg emissions are from remobilized pools of Hg.

The goal of my research is to advance understanding of how mountain
ecosystems cycle Hg and how that may change under a warming climate. First, I
synthesized the recent literature on Hg cycling in mountain ecosystems with a focus
on the U.S. Rocky Mountains. I identified primary Hg sources, storage,
transformations, and losses, as well as impacts from climate change. I also
highlighted important knowledge gaps and proposed future research priorities.
Based on the gaps that I identified in my synthesis, I next characterized Hg inputs,
storage, and bioaccumulation along an elevation gradient in the Colorado Rocky
Mountains. Similar to past work conducted in the eastern U.S. Himalaya, and
Tibetan Plateau, I found that elevation and tree cover are important drivers of Hg
inputs and storage in mountain ecosystems. Unlike those past studies, however, 1
found that precipitation, rather than litterfall, dominated atmospheric inputs of Hg

and was the primary driver of Hg bioaccumulation in terrestrial wildlife. Next, to
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assess the impact of climate change on the toxicity and bioavailability of Hg, I
measured rates of methylmercury (MeHg) formation in alpine and subalpine
wetlands under increasing sulfate concentrations. I found that MeHg formation in
subalpine peatlands in the North Boulder Watershed of the Colorado Rocky
Mountains are sulfate-limited. This watershed has experienced a 200 % increase in
sulfate concentrations over the past 30 years—a pattern observed in over 100 high
elevation watersheds globally—due to climate-driven sulfate weathering associated
with thawing permafrost and rock glacier features. This increased export of sulfate
may accelerate MeHg production and bioaccumulation in sulfate-limited high
elevation watersheds. Finally, synthesizing information on Hg inputs, storage, and
losses, I characterized the sink-source behavior of alpine and subalpine zones in the
North Boulder Watershed to better constrain the role that mountain ecosystems
play in cycling legacy Hg pools. I found that these regions act as sinks for Hg,
however, major uncertainties exist with regards to losses via evasion. This factor is
particularly relevant for the coniferous subalpine zone. My findings highlight the
importance of better constraining losses of Hg in evasion from soil and snow
surfaces to more accurately quantify the sink-source nature of mountains regions
currently, as well as under future warming conditions. Altogether, the results of
this body of research advance our understanding of the critical role that mountain
ecosystems play in the global Hg cycle and underscore key priorities for future
research to address remaining uncertainties, particularly in the context of climate

change.
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CHAPTER I

INTRODUCTION AND BACKGROUND

Human activities have dramatically accelerated the cycling of mercury (Hg)
in ecosystems globally (UN Environment, 2019). A geogenic metal, Hg is released
naturally during bedrock erosion and volcanic activity (Selin, 2009). Since the
industrial-era, the release of Hg from anthropogenic sources such as coal
combustion, mining, and other industrial practices has increased significantly
(Streets et al., 2019). As a result, concentrations of gaseous elemental Hg in the
atmosphere and ocean are 450% and 230% higher than pre-industrial levels,
respectively (Outridge et al., 2018). Depending on the form and concentration of Hg,
exposure to this metal can cause a variety of health problems for humans and
ecosystems (Basu et al., 2022; Chételat et al., 2020), which has led to a rich history
of research and regulation to reduce the use and release of Hg globally (Bank,
2020). Despite these efforts, Hg contamination remains a serious issue for
ecosystems globally; due to its persistent nature, Hg can cycle within Earth’s
ecosystems for thousands of years before sequestration in deep ocean sediments or
stable soil pools (Amos et al., 2013; Selin et al., 2008).

This continued cycling of Hg following its initial release is now of significant
concern. Approximately two-thirds of annual Hg emissions to the atmosphere are
from remobilization of existing or “legacy” pools of Hg in soil and waterbodies (Amos
et al., 2013; Outridge et al., 2018). Thus, constraining the source-sink behavior of
Hg and potential for production of methylmercury (MeHg) within different
ecosystems is critically important to better understand not only baseline Hg cycling
and health risks for communities, but also how Hg cycling and contamination will

shift with ongoing climate change and other drivers that affect its fate.



Mercury occurs in a variety of forms with different levels of toxicity and
ecosystem mobility. Gaseous elemental Hg (Hg(0)) is the most abundant form of Hg
in the atmosphere with a lifetime of about 0.5—1 year (Gustin et al., 2015). Due to
its long residence time, Hg(0) can undergo long-range transport and reach remote
ecosystems far from the original source (Dastoor et al., 2022). Atmospheric
deposition of Hg can occur via dry or wet deposition. Dry atmospheric deposition is
dominated by stomatal Hg(0) uptake by vegetation and transfer to soils via litterfall
(Zhou et al., 2021). Oxidization and partitioning of Hg into divalent (Hg(II)) and
particulate forms (Hg(P)), respectively, also contribute to transfer of Hg from the
atmosphere to the biosphere. Oxidized Hg is more soluble in water compared to
Hg(0), and, therefore, typically dominates Hg transfer in precipitation (Lyman et
al., 2020). Additionally, due to its ionic character, oxdized Hg can sorb directly onto
vegetation and soil surfaces, thereby contributing additional dry deposition to the
land surface.

Soils make up the largest global Hg pool followed by the oceans and the
atmosphere (Outridge et al., 2018). Mercury in soils is comprised mostly of Hg(II)
which binds tightly to soil organic matter helping to retain Hg within the soil
matrix (Bishop et al., 2020; C. 1. Olson et al., 2022). While this form of Hg has
relatively low toxicity, when it is transported via runoff to—or is directly deposited
into—portions of the landscape that experience wetting and drying cycles, or are
anoxic (e.g., soils and waters of lakes and wetlands), it can be methylated into its
organic form, methylmercury (MeHg; Bishop et al., 2020). A potent neurotoxin,
MeHg bioaccumulates and biomagnifies in food webs and is the form of Hg that
typically drives exposure in humans and wildlife (Chételat et al., 2020).

Methylmercury contamination has caused acute, localized impacts as well as

long-term, global effects on human communities and ecosystems, shaping research



and policy efforts over the past half a century. The period from the 1950s—1970s
was characterized by point source, industrial contamination with multiple high
profile poisoning incidents that drew the world’s attention to the risks associated
with Hg exposure. In the 1950s, MeHg released from the Chisso Corporation
chemical factory in Minamata Japan caused high levels of Hg poisoning in the
community that relied heavily on fish in their diet (Ekino et al., 2007). In the 1970s,
rural communities in Iraq were exposed to high levels of MeHg by ingesting grains
imported from the U.S. that were treated with an organomercurial pesticide (Woolf,
2022). Between 1946-1970, Allied Chemical and Dye Company discharged 165,000
pounds of Hg into Onondaga Lake on the lands of the Onondaga Nation and
Haudenosaunee Confederacy, which is sacred ceremonial and fishing grounds. The
discharged Hg was subsequently converted to MeHg within Onondaga giving this
lake the reputation as the most polluted body of water in the U.S. (C. Miller, 2021,
O’'Toole, 2012). The communities in these examples—as well as many other
communities—experienced neurological conditions, including damage to visual,
auditory, and sensory faculties, and, in more extreme cases, mental retardation,
cerebral palsy, deafness, and blindness (Ekino et al., 2007; Woolf, 2022). Offspring
from pregnant people in these communities experienced even more serious effects.
These high-profile poisoning events catalyzed global awareness of the harm
associated with exposure to Hg and ushered in an era of research and regulation.
In the U.S., several regulations during the 1970s had direct and indirect
impacts on Hg contamination (US EPA, 2015). Scrubbers and electrostatic
precipitators installed on power plants as part of the Clean Air Act (CAA) indirectly
reduced Hg emissions by capturing particulates and gases from which Hg is
associated. The Clean Water Act (CWA) directly addressed Hg discharge into water

bodies from industrial sources such as chlor-alkali plants and metal refineries. In



addition to the CAA and CWA, the toxic substances control act of 1976 phased out,
or reduced, the use of Hg in many industrial processes and products including
fungicides, batteries, and paints. More recently, the CAA amendments of the 1990s
1dentified hazardous air pollutants, including Hg, and developed maximum
achievable control technology standards for Hg emissions from specific industries.
In 2011, the Mercury and Air Toxics Standards directly regulated Hg emissions
from coal and oil-fired power plants which was the largest domestic source of Hg at
the time (Everett, 2014).

As a result of these regulations, point-source Hg contamination in
atmospheric deposition declined in the U.S., as in many other parts of the developed
world (C. I. Olson et al., 2020). Mercury emissions, particularly from coal
combustion and artisanal small gold mining, continued to enlarge the global
atmospheric Hg pool, though, resulting in atmospheric deposition becoming the
dominant pathway for Hg contamination into most ecosystems (Driscoll et al.,
2013). This source shift in contamination highlighted the far-reaching extent of Hg
pollution and the need for global efforts to reduce contamination.

To address the ubiquitous nature of Hg contamination, the United Nations
Environmental Program (UNEP) convened in 2003 to evaluate the global impact of
Hg contamination and the pressing need for international cooperation. By 2009, the
governing council of UNEP began negotiations for a legally binding treaty,
culminating in the adoption of the Minamata Convention on Mercury by 128
countries in 2013 (Bank, 2020). The primary goals of this convention, named after
the Minamata disaster in Japan, include reducing Hg releases from industrial
sources, phasing out products containing Hg (e.g., thermometers, fluorescent

lamps), and promoting environmentally sustainable alternatives in artisanal and



small-scale gold mining, which remains the largest source of global Hg emissions
(UN Environment, 2019).

Due to these regional and global efforts, the release of Hg has abated and in
more developed regions, local and regional emissions have decreased significantly
(C. I. Olson et al., 2020; Yanxu. Zhang et al., 2016). Note, however, that the
environmental injustices of Hg pollution persist. In developed countries where Hg
emissions have decreased significantly, the communities that remain close to—and
disproportionately impacted by—Hg emissions are marginalized communities that
lack political capital to advocate for more stringent environmental protections (Dai
et al., 2023; Marchese et al., 2024). In addition to proximity to Hg contamination
sources, many minority and underserved communities—such as indigenous
peoples—rely more regularly on fish in their diet, increasing exposure to MeHg.
This has led to devastating outcomes in communities worldwide including Grassy
Narrows in Ontario, Canada, the Yanomami People of the Amazon, and
Munduruku people of Brazil. On the global scale, developing countries depend
heavily on coal-fired power plants to achieve economic growth and industrialization
on trajectories that mirror those of already developed nations (Alhassan et al.,
2024). This reliance on coal creates an environmental burden of associated
environmental and health hazards including Hg exposure, and these countries often
lack the resources to adopt cleaner technologies or enforce strict regulations,
exacerbating vulnerability to pollution. While these environmental injustices
persist, affected communities have come together in powerful and impactful ways to
fight for protection against Hg contamination adding local momentum to ongoing
global efforts.

Despite significant regional and global progress in limiting Hg emissions, the

persistent nature of Hg means this contaminant will continue cycling through



Earth’s spheres for thousands of years with compounding impacts from climate
change (Y. Zhang et al., 2023). Thus, the goals of the Minamata Convention still
stand today, including to better quantify and characterize new and legacy cycling of
Hg within ecosystems, as well as the factors influencing MeHg formation under
warming conditions.

Mountain ecosystems mark an important area for this research as they cover
significant portions of Earth’s surface, provide important water and food resources
to downstream communities, and are disproportionately impacted by climate
change (Hock & Rasul, 2019). Because of the long-lived nature of Hg(0) in the
atmosphere, it can travel far distances to remote mountain ecosystems where high
rates of atmosphere deposition lead to elevated loads of Hg compared to lower
elevations (H. Zhang et al., 2013). Mountain ecosystems are disproportionately
impacted by climate change with warming air temperatures, changes in hydrology,
and shifts in vegetation cover (Coppola et al., 2018; Dong et al., 2019; Hock & Rasul,
2019; Trant et al., 2020). These climate-driven shifts may change how Hg cycles in
mountain regions making it critically important to characterize the drivers of Hg
cycling. While significant research has been conducted in mountain ecosystems
globally (Gerson et al., 2017; R. Sun et al., 2021; H. Zhang et al., 2013), major
knowledge gaps remain regarding inputs, storage, and losses of Hg, particularly in
semi-arid mountain ecosystems. Thus, characterizing Hg cycling is critical to better
predict and constrain future changes and potential contamination risk with a

warming climate.

1.1 Dissertation Overview

With this dissertation, I address the overarching question: How does Hg cycle

in high-elevation mountain ecosystems? My research advances the state of



knowledge regarding Hg biogeochemistry, specifically: (1) the patterns and drivers
of Hg inputs and cycling within high-elevation ecosystems, and (2) how climate
change may influence the toxicity and mobility of Hg in the coming decades. To do
so, I combined data synthesis, field methods, biogeochemical laboratory analyses,
and experiments to quantify Hg cycling in the Colorado Rocky Mountains. These
studies provide insights into the patterns and drivers of Hg cycling in high-
elevation, semi-arid mountain ecosystems, which are applicable to similar areas
globally. My dissertation is divided into four chapters. Chapters II-V include
conceptual and methodological advice, as well as field and analytical assistance by
coauthors and committee members who I have recognized in the Acknowledgements
section. These chapters are at various stages of journal publications; I published
Chapter II in Biogeochemistry in 2023, Chapter III is in prep for submission to JGR
Biogeosciences in Spring 2025, Chapter IV is in review with Environmental
Research Letters, and I will submit Chapter V to Proceedings of the National
Academy of Sciences in Spring 2025. In the final chapter (Chapter VI), I summarize
the findings from Chapters II-V and provide recommendations for future Hg
research in high-elevation mountain ecosystems globally.

Chapter II: Mercury cycling in the U.S. Rocky Mountains: a review of past
research and future priorities

While significant past work has been conducted in mountain ecosystems of
the Eastern U.S., as well as glacial regions of the Himalaya and Tibetan Plateau,
Hg cycling in the semi-arid mountain ecosystems of the Western U.S. remains
limited. Thus, a comprehensive assessment of knowns and knowledge gaps
regarding Hg cycling in Western U.S. mountain ecosystems is needed to guide and
prioritize future research directions. I synthesized the literature on Hg cycling in

the U.S. Rocky Mountains between 2000—-2023 to identify the state of knowledge



regarding Hg sources, storage, transformations, and losses, as well as the impacts of
climate change—specifically changes in hydrology and wildfire—on Hg
bioavailability. I highlighted important knowledge gaps throughout the text and
proposed future research priorities. This chapter is published (Miller et al., 2023) in
Biogeochemistry.

Chapter III: Mercury Cycling in a U.S. Semi-Arid Mountain Ecosystem:
Patterns, Drivers, and Bioaccumulation

Major gaps remain in our understanding of inputs, storage, and
bioaccumulation of Hg across elevation gradients in mountain ecosystems. Studies
from the Eastern U.S. and Asia identify broad patterns in Hg cycling at different
elevations due to shifts in tree cover, as well as precipitation volume and quality.
Studies from semi-arid, coniferous forest-dominated mountain ecosystems—such as
the Rocky Mountains—remain limited despite evidence that coniferous forests
receive greater loads of Hg from atmospheric deposition compared to deciduous
forest regions and efficiently produce MeHg in underlying soils. Here, I quantify Hg
inputs (concentrations and fluxes), storage (concentrations and pools), and
bioaccumulation (concentrations) from the plains to the alpine. I synthesize these
data to assess the drivers of Hg cycling in a semi-arid mountain elevation gradient
and compare the findings to other mountain regions.

Chapter 1V: Climate-driven sulfate export in alpine watersheds may stimulate
methylmercury production

Mountain ecosystems are experiencing elevated climate-driven sulfate export,
wetland expansion, and enhanced atmospheric deposition of Hg which increase the
potential for MeHg formation. Ambient rates of MeHg production, as well as sulfate
limitations on those reactions, are unknown in high-elevation wetlands of the Rocky

Mountains. I assessed the potential of increasing sulfate export in alpine streams to



stimulate MeHg production in subalpine peatlands—areas of major storage of both
organic carbon and inorganic Hg in mountain ecosystems globally. I amended
peatland soils with sodium sulfate to mimic enhanced sulfate export from
accelerated mineral weathering and measured net MeHg production rates for
different sulfate treatments. This chapter is currently under review with
Environmental Research Letters.

Chapter V: Alpine and subalpine environments of the Colorado Rocky
Mountains act as sinks for mercury, but this character may shift with ongoing
climate change

The Minamata Convention on Mercury highlights the importance of
characterizing the sink-source behavior of Hg in different ecosystems, particularly
those most impacted by climate change, such as remote mountain regions. While
efforts are being made to expand our understanding of Hg cycling in mountain
areas, imited mass balance studies exist and those that do lack a comprehensive
characterization of depositional pathways, as well as estimates of Hg loss via
evasion. Here, I present a mass balance of Hg within alpine and subalpine zones of
the North Boulder Watershed, Colorado by quantifying inputs via wet and dry

deposition, storage in soils and vegetation, and losses via runoff and evasion.



MERCURY CYCLING IN U.S. ROCKY MOUNTAINS: A REVIEW OF PAST
RESEARCH FUTURE PRIORITIES

Adapted from:

Miller, H. R., Driscoll, C. T., & Hinckley, E. L. S. (2024). Mercury cycling in
the US Rocky Mountains: a review of past research and future
priorities. Biogeochemistry, 167(1), 1-20. DOI: https://doi.org/10.1007/s10533-023-
01108-w.

2.1 Abstract

Mercury cycles at levels three- to five-fold higher today than the pre-
Industrial era, resulting in global contamination of ecosystems. In the western
United States (U.S.), mercury mobilization has led to widespread production of
methylmercury (MeHg), a potent, bioaccumulating neurotoxin, which has resulted
in fish consumption advisories across all states. Mountain regions are particularly
sensitive to continued mercury contamination as they receive higher rates of
atmospheric deposition, compared to lower elevations, and have aquatic ecosystems
on the landscape conducive to MeHg production. In this paper, we focus on the U.S.
Rocky Mountain region and synthesize: (1) current knowledge regarding the
mercury cycle; (2) impacts of climate change on the mercury cycle connected to
hydrology and wildfire; and (3) future research priorities for informing mercury
research and regulation. Studies on the interactions between mercury
contamination and climate change in mountain ecosystems is still nascent. We use
the findings from this synthesis to summarize the following research needs: (1)
quantify sources of mercury in wet and dry deposition, as these pathways dictate
mercury exposure and toxicity, and are shifting with climate change; (2) investigate
MeHg in mountain aquatic ecosystems, which are important pathways of human
mercury exposure and provide food resources and habitat to local wildlife; and (3)

examine the disproportionate impact of mercury contamination on Indigenous

10


https://doi.org/10.1007/s10533-023-01108-w
https://doi.org/10.1007/s10533-023-01108-w

communities through community-led research. Although we focus on the Rocky
Mountains for this review, the findings are applicable to semi-arid mountain
ecosystems globally and must be prioritized to promote the health of ecosystems

and people everywhere.

2.2 Introduction

Mercury is a geologically sourced, bioaccumulating trace metal, and its
release, global transport, and exposure have been greatly accelerated by human
activities (UNEP, 2018). Catastrophic poisoning events, and the global extent of
contamination, have provided international motivation to curb the extraction, use,
and distribution of mercury. These efforts have been primarily led by the United
Nations’ Minamata Convention on Mercury (UN Environment, 2019). Now signed
and ratified by 147 parties, this treaty has made historic progress in expanding our
understanding of the mercury cycle, and mitigating exposure. However, mercury
contamination remains a serious global threat to human and ecosystem health due
to its continued use, release, and persistent nature (C. Y. Chen et al., 2018; UNEP,
2018). When emitted into the atmosphere, mercury can be transported long
distances and deposited onto remote landscapes (Selin, 2009). Following initial
deposition to the Earth surface, mercury may be subsequently reemitted to the
atmosphere by evasion, or mobilized via water to aquatic ecosystems. This cycle can
repeat several times before mercury is permanently sequestered in sediments
(Amos et al., 2014). In aquatic ecosystems, mercury can be converted to
methylmercury (MeHg), a bioaccumulating neurotoxin, that is responsible for
widespread contamination in wildlife and fish consumption advisories in all fifty
states of the United States (U.S.). The mercury cycle is highly manipulated by

human activities with 3—5 times more mercury cycling today than during the pre-
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Industrial era; coal combustion, artisanal gold mining, and other industrial
practices are the major activities that have led to the rapid mobilization and
bioavailability of this element (F. Li et al., 2020; UNEP, 2018).

The increased cycling of mercury in the biosphere and associated harmful
human health impacts have provided motivation for research and regulation over
the past several decades. The long atmospheric residence time of mercury allows for
long range transport to remote regions such as high latitude and altitude
ecosystems (Selin, 2009). With concentrations of mercury above background levels
predicted to persist for centuries, due to reemission from legacy pools (Amos et al.,
2013), it is important to understand the response of remote regions to continued
mercury contamination, especially in the context of ongoing global change. Over the
past 10 years, mercury research in remote ecosystems has largely focused on Arctic,
as well as mountain systems in the Himalaya and eastern U.S. (Blackwell &
Driscoll, 2015; Chai et al., 2022; Demers et al., 2007; Gerson et al., 2017; Tripathee
et al., 2019; Q. Zhang et al., 2019). In mountain ecosystems of the western U.S.,
research on mercury cycling has historically been limited and relatively narrow in
scope. This paucity of studies marks an important knowledge gap. Mountain
ecosystems make up a large portion of the western U.S. and are experiencing
increasing mercury deposition, as well as climate change, which likely alter baseline
mercury cycling (Eagles-Smith, Wiener, et al., 2016; Mast et al., 2005; Packer et al.,
2020). As such, we seek to assess the state of research regarding mercury cycling in
mountain ecosystems of the western U.S. to identify unknowns and priorities for
future research.

In this Synthesis and Emerging Ideas paper, we focus on the U.S. Rocky
Mountains region (hence-forward, “Rocky Mountains”). The consequences of

elevated mercury deposition to the Rocky Mountains are still poorly understood
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despite this region covering over one-third of the conterminous western U.S. land
area. In general, processes in semi-arid mountain ecosystems, such as the Rocky
Mountains, remain inadequately constrained with regards to mercury cycling.
Specifically, studies are lacking on mercury uptake, release, and evasion in
shrub/grassland and forest environments; storage in high-elevation soils; and
transformations in aquatic ecosystems such as mountain wetlands, reservoirs, and
lakes. We synthesize the state of knowledge regarding mercury cycling in the Rocky
Mountains with relevant comparisons to other mountain regions, evaluate how
mercury cycling processes may evolve with continued climate change, and highlight

important areas for future research.

2.3 Mercury Cycling in the U.S. Rocky Mountains

2.3.1 Background

The Rocky Mountains of the U.S. are >800,000 km in total area, spanning
~3,000 km from New Mexico to the Canadian Border; they cross Colorado, Utah,
Wyoming, Idaho, and Montana (Fig. 2-1). The region is characterized by extreme
gradients in climate, elevation, and land cover, which drive patterns of mercury
cycling (Eagles-Smith, Wiener, et al., 2016). The Rocky Mountains range
from~1500—4300 m in elevation and are comprised of desert, grassland, shrubland,
and forested land covers. Approximately 70% of the annual water supply to the
region is tied to mountain snowpack, with over 200 reservoirs greater than 0.1 km3
storage located within the alone (Lehner et al., 2011). Ongoing climate change has
the potential to shift mercury cycling in ecosystems and landscapes of the Rocky
Mountains with consequences that are both local and regional in scale. In the

following sections, we summarize the research investigating sources, storage,
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transport, and transformations of mercury within the Rocky Mountains and how it
1s impacted by climate change (Table 2-1). We focus on two specific drivers
associated with a changing climate that are having a profound effect on ecosystems

of the mountainous western U.S.: shifts in hydrologic regimes and wildfire activity.

’ Mercury Deposition Network (MDN) sites

A Active superfund site

o Historic gold Mines
[I] Native Reservations

* Waterbody -specific fish advisories
[ ] Statewide fish advisories
3 u-s. Rocky Mountain extent

Figure 2-1: Map of study area showing MDN sites (blue diamond), active superfund
sites (orange triangle), historic gold mines locations (yellow circle), Native American
Reservations (purple shading), waterbody-specific fish advisories (red star), and
statewide fish advisories (red shading) within the Rocky Mountains. Statewide fish
advisories in Idaho, Wyoming, and Colorado are for all waterbodies for specific
species of fish (see manuscript text for more information).

2.3.2 Sources and Atmospheric Deposition

Mercury is transferred from the atmosphere to the Earth surface in oxidized

(Hg(II)) and elemental (Hg(0)) forms, and deposited through both wet and dry
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atmospheric deposition (Selin, 2009). Globally, dry deposition dominates the
atmospheric flux, accounting for 60—-90% of terrestrial atmospheric mercury
deposition (Zhou et al., 2021). Wet atmospheric mercury deposition occurs during
periods of precipitation and fog and is typically comprised of soluble Hg(II) dissolved
in water or adsorbed on the surface of water particles. Dry mercury deposition
occurs primarily from the uptake of atmospheric Hg(0) by plants and deposition of
particle-bound Hg(II) to foliar and land surfaces (F. Li et al., 2020; Selin, 2009).
Studies from across the western U.S., including sites in the Rocky Mountains, show
that most of atmospheric mercury deposition in this region is derived from the well-
mixed global pool of Hg(0), as opposed to local sources (C. I. Olson et al., 2020; Selin
& Jacob, 2008). There are periods—typically in the spring—of greater sourcing
directly from east-Asian industrial activities. Long-distance transport of mercury
from Asia occurs across the Pacific in the free troposphere (Huang & Gustin, 2015;

Lin et al., 2012; P. Weiss-Penzias et al., 2006).
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Table 2-1: Total mercury and methylmercury concentrations for previously studied ecosystem compartments of the

Rocky Mountains
Compartment
Atmosphere
Soil

~
SN

Total mercury

16.1 + 45 pg m3 (PBM),

20.4 + 28 pg m-3

(GOM), 1.9+ 0.9 ng m-3

(GEM)

Conifer forests: 58.4 —

208 ng/g (un = 108 ng/g);

deciduous forests: 25.2
—37.5ng/g (m=31.7
ng/g)

<10-1320ng gl (n=
30 ng g1)

<10-520ng gl (n=
25 ng g1)

40.4—-118.1nggl(n=
81.7 ng gl)

5.7—-24,732.4 ng g1 (u
=776.9 ng g1)

1.59-466ngg! (n=
111.1 ng g?)

Methylmercury

0.17-0.43ng g!

0.32-1.50 ng g1
n=0.89ngg?")

U.S —77.00 ng g1
n=2.97ng
g)

US=19nggl(n
=0.6ngg?l)

Description

Average
values from
2008 to 2018

O horizon

A horizon

C horizon

Wetland soils

Lake
sediments

Stream
sediment

Region

Salt Lake City, Utah
(AmNet UT97)

Wyoming Rocky
Mountains

U.S. Rocky
Mountains

U.S. Rocky
Mountains

Wetlands near Great
Salt Lake, UT

U.S. Rocky
Mountains

U.S. Rocky
Mountains

Reference

Zhang et al., 2016,
https:/madp.slh.wis
c.edu/sites/amnet-
uT97/

Biswas et al., 2007

Olson et al., 2022*

Olson et al., 2022*

Fleck et al., 2016*

Fleck et al., 2016*

Fleck et al., 2016*


https://nadp/

Ll

Water

Fish

Dragonflies

29.0 - 45.8 ng/g (n =
39.2 ng/g)

0.27-14.09 ng L1

0.5-13.5ng gt

filtered = 0.17-0.43 ng
L1, particulate = 0.22-
0.83 ng L1

30.3-3992 ng g1 wet

weight (n =670 ng g-1)

5-1769 ng g1 (n=219
ng g't)

0.09 - 0.12 ng/g

(1 =0.104 ng/g)

0.01-0.73 ng Li'!

0.04-0.048 ng L1

filtered = 0.005-

0.114 ng L1,
particulate =

0.003-0.102 ng Li!

36.6-488 ng g1

* Rocky Mountain sites extracted from larger dataset

Reservoir
sediment (0-9
cm)

Lake surface
water

Alpine stream

Reservoir
surface water

Salmonidae
family in lake

Centrarchids
in reservoir

Aeshnidae
family

CO (Narraguinnep
Reservoir)

90 high-altitude lakes
in the western U.S.
U.S. Rocky

Mountains

Idaho

U.S. Rocky
Mountains

Idaho

U.S. Rocky
Mountains

Gray et al., 2014

Krabbenhoft et al.,
2002

Mast et al., 2005,
Packer et al., 2020,
Shanley et al., 2008

Baldwin et al., 2022

USGS, unpublished
data

Baldwin et al., 2022

Eagles-Smith et al.,
2020*



Regulation in the U.S. through the 2011 Mercury and Air Toxins Standards
(MATS), in addition to control technologies for other pollutants such as sulfur
dioxide and nitrogen oxides, have resulted in a >75 % decrease in mercury
emissions from U.S. coal-fired utilities (Yanxu. Zhang et al., 2016). As a result of
these emission declines, wet atmospheric mercury deposition has been decreasing
over the past several decades in the eastern U.S., which is downgradient of major
mercury emission sources in the Midwestern U.S. (Fig. 2-2; Olson et al. 2020).

This decreasing trend of wet atmospheric mercury deposition, however, is not
mirrored in the western U.S. where National Atmospheric Deposition Program
(NADP) sites show mostly non-significant, increasing mercury concentrations in wet
deposition since 2008 (P. S. Weiss-Penzias et al., 2016). Specifically in the Rocky
Mountains, NADP sites show increasing mercury concentrations since 2000 in wet
deposition with the highest concentrations occurring between 2010 and 2015 (Fig. 2-
2). Additionally, wet deposition rates are significantly higher at sites above 3000 m
elevation compared to lower elevation sites (9.90 + 2.44 ng m—2 yr1 versus 5.36 +
1.28 ng m—2 yr1, p <0.01; Fig. 2-2). These contrasting patterns are likely due to
East Coast monitoring sites, such as in New England, falling within the planetary
boundary layer (<2 km elevation), which is primarily influenced by local mercury
sources. The Rocky Mountain sites, alternatively, fall within the free troposphere
(>2 km elevation), which reflects global background mercury concentrations. As a
result, higher elevation sites in the Rocky Mountains, that reflect the augmenting
global pool of atmospheric mercury, show increasing patterns, whereas lower
elevation sites in New England show decreasing trends due to reductions in
regional mercury emissions (Lin et al. 2012; Weiss-Penzias et al. 2016; Olson et al.

2020).
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Figure 2-2: National Atmospheric Deposition Program (NADP) mercury wet
deposition rates for eight sites in New England (yellow squares), two sites below
3000 m elevation in the Rocky Mountains (light blue triangles), and two sites above
3000 m elevation in the Rocky Mountains (dark blue circles). The lower-elevation
Rocky Mountain data, and log-transformed higher-elevation Rocky Mountain and
New England data, are normally distributed (Shapiro—Wilk test, p > 0.05). The New
England sites show significant decreasing trends in atmospheric mercury deposition
(Pearson correlation coefficient, p<0.01) likely due to decreases in regional mercury
emissions. Rocky Mountain sites, alternatively, show non-significant increasing
trends at both the high-elevation sites (Pearson correlation coefficient, p=0.19) and
lower-elevation sites (Pearson correlation coefficient, p=0.33) likely due to the
augmenting global pool of mercury. Additionally, mercury wet deposition rates
increase with elevation with significantly higher deposition rates at Rocky
Mountain sites over 3000 m in elevation compared to sites below 3000 m (¢-Test,
p<0.01). These higher rates of atmospheric deposition are likely due to the location
of higher-elevation sites within the free troposphere, which has higher atmospheric
Hg concentrations compared to lower-elevation air masses (Huang and Gustin
2015).
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Wet atmospheric mercury deposition rates range from 2.9 to 16.0 pg m==2 yr-!
in the Rocky Mountains, as calculated from five active Mercury Deposition Network
sites (MDN; Fig. 2-2). The highest wet mercury deposition occurs at the two
Colorado sites which are both located over 3,000 m elevation (Fig. 2-2). These rates
are comparable to other mountain regions globally with rates varying from 1.75 to
8.20 pg m~2 yr-! in the Tibetan Plateau (Chai et al., 2022; Gu et al., 2020; Huang et
al., 2012) and from 4.2 to 13.0 pg m=2 yr~! in the Adirondacks and Green Mountains
of the eastern U.S. (Gerson et al., 2017, p. 20; Shanley et al., 2008).

Direct dry deposition (the flux of mercury in the absence of precipitation) is
more difficult to measure and often estimated by using atmospheric mercury species
concentrations combined with model estimated deposition velocities, eddy
covariance techniques, or by sampling vegetation litterfall and throughfall (Wright
et al., 2016). The Atmospheric Mercury Network (AMNet) includes measured
concentrations of atmospheric mercury species with model calculations of dry
mercury deposition. This network is sparse; all sites west of the Mississippi were
discontinued by 2018, and only two of those sites were located within the Rocky
Mountains in Utah. The estimated dry deposition at these two Utah AMNet sites
ranged from 9.5 to 14.0 pg m2yr1. These rates are comparable to wet deposition
rates, but do not include mercury fluxes via litterfall and throughfall, suggesting
that dry deposition dominates in the region, consistent with global patterns (Fig. 2-
3; Zhang et al. 2016). Comparisons of direct dry deposition to other mountain
regions are challenging due to the lack of direct and accurate measurements;
however, one study found mercury fluxes up to 35.3 pg m=2 yr=! in the Tibetan
Plateau (Chai et al., 2022; R. Sun et al., 2021) and fluxes ranging from 5.2 to 16.9
pg m~2 yr-1 in eastern U.S. mountain ecosystems (Shanley et al. 2008; Wright et al.
2016).
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Eckley and colleagues (2016) estimated vegetation uptake of mercury (a
proxy for dry deposition) across the western U.S. They used previously published
litterfall and throughfall data from other regions in the U.S., as well as studies from
Europe and China, and found that uptake of mercury by vegetation varies by
ecoregion. Their estimates ranged from 1.6 + 0.1 pg m=2 yr—! in desert ecosystems to
10.9+0.1 pg m~2 yr~! in marine West Coast forests (Eckley et al., 2016). As far as we
are aware, there have been no studies investigating rates of vegetation-derived
deposition specifically in the Rocky Mountains. However, modeled estimates from
the Great Plains (comparable to Rocky Mountains foothills vegetation) average 3.7 +
0.1 pg m=2 yr-1, estimates from northwestern U.S. forested mountains (comparable
to montane and subalpine vegetation of the Rocky Mountains) average 8.8 = 0.1 pug
m~2 yr-1, and measurements from the Alaskan tundra (comparable to high alpine
vegetation of the Rocky Mountains) average 8.0 pg m=2 yr—! (Fig. 2-3; Eckley et al.
2016; Olson et al. 2019). In the absence of local data, these rates help to constrain
atmospheric deposition rates in the Rocky Mountains. Extensive dry deposition
measurements across the Rocky Mountains, however, are needed to better quantify
mercury inputs to this region. Increasing monitoring efforts is especially urgent in
the context of increasing wildfire intensity and frequency; wildfire mobilizes
mercury from vegetation and surface soils for subsequent deposition back to the
land surface (Kumar et al., 2018).

Studies from the Tibetan Plateau and eastern U.S. show that mercury cycling
varies significantly along mountain elevation gradients due to shifts in atmospheric
mercury deposition and vegetation cover (Blackwell & Driscoll, 2015; Gerson et al.,
2017; X. Li et al., 2022; H. Zhang et al., 2013; L. Zhang et al., 2013). Steep elevation
gradients in the Rocky Mountains also likely play an important role in atmospheric

mercury deposition but have not yet been investigated. Precipitation generally
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increases with elevation in the Rocky Mountains, from ~190 mm yr~! at 1600 m to
~1500 mm yr~! at 3500 m, suggesting that mercury inputs through wet atmospheric
deposition likely increase with elevation as well (assuming continual transport of
mercury into the area; Heindel et al., 2020; USDA n.d.). Alternatively, particulate
deposition through dust generally decreases with elevation in the Rocky Mountains,
likely due to greater contributions of dust from urban and agricultural practices at
lower elevations, and atmospheric suspension of soil due to climate induced
decreases in soil moisture. This pattern could potentially result in a negative
correlation between direct dry deposition of particulate mercury with altitude
(Heindel et al., 2020). Changes in precipitation and temperature with elevation also
drive dramatic shifts in plant communities in the Rocky Mountains, going from, for
example, Tallgrass prairie in the plains, to open Pinus ponderosa forests in the
foothills, to more dense mixed stands of Pseudotsuga menziesii and Pinus contorta
in the montane and subalpine, to sparse krummbholz and open tundra in the alpine.
Differences in plant community structure play an important role in determining
patterns of mercury dry deposition through plant uptake and transfer to soils (see
above) but these impacts have not yet been quantified in the Rocky Mountains. The
absence of these data was corroborated by the synthesis study of Eagles-Smith et al.
(2016). They reported that currently, data on mercury uptake by shrubs,
grasslands, and herbaceous plant functional groups is lacking relative to forested
ecosystems, thereby making it challenging to properly characterize mercury cycling
in areas where these plant communities dominate (Gerson et al. 2022; Zhou et al.

2021).
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Figure 2-3: The mercury cycle in the Rocky Mountains (~ 807,075 km?2). Fluxes are
in italics (ug m=2 yr~1), annual area fluxes are in parentheses (Gg yr1), and soil
pools are bolded (Gg). Gray arrows represent uncertainty along mountain elevation
gradients.

2.3.3 Soil Storage and Evasion

Across the ~807,000 km of the Rocky Mountains, approximately 4.2 Gg of
mercury 1is stored in the upper 0.3 m of soil, with approximately 0.89 Gg in the top 5
cm (derived from Olson et al. 2022; Fig. 2-3). Mercury concentrations are highest in
the soil O horizon when present (70 — >200 ng g~!) followed by the A horizon (30.2 +
61 ng g7!) and the C horizon (25.5 + 32 ng g71). The presence and depth of an O
horizon is highly heterogenous across the Rocky Mountains and is driven by
changes in elevation, temperature, aspect, slope, vegetation cover, and disturbance
history (Hoffmann et al., 2014). The concentration of mercury within an O horizon
also varies markedly depending on the type of parent litter and period of
decomposition. Some areas may have an older, thinner O horizon composed of high
mercury concentration material (e.g., moss, lichen); in contrast, other areas may be

composed of newer, thicker O horizon comprised of lower mercury concentration
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material (e.g. deciduous leaves; Pokharel & Obrist, 2011). Soil mercury
concentrations in the A horizon are broadly driven by soil organic matter content,
land cover, and ecoregion (Olson et al. 2022). Although mercury concentrations in
the O horizon are typically higher than the A horizon, mercury pools are typically
larger in the A horizon due to higher soil bulk density (Olson et al. 2022). Across the
U.S., the soil A horizon has significantly higher mercury concentrations compared
to the C horizon (34.0 £ 0.5 ng g1 versus 27.0 + 0.4 ng g1, p < 0.01). Olson and
colleagues (2022) attributed this difference to enrichment of surface soils by
external inputs such as atmospheric deposition. Yet, this pattern is not evident in
the Rocky Mountains where there is no significant difference between the A and C
horizons (p > 0.05; Olson et al. 2022). The lack of horizonal variation in non-aquic
soils may be a result of lower organic carbon content, lower precipitation rates, and
higher incident solar radiation that drives photoreduction in surface soils; however,
further analysis would be needed to determine the driving influences.

Watersheds in the Rocky Mountains with historic mercury, gold, or silver
mining typically have elevated mercury concentrations that can exceed 100,000 ng
g1 total mercury and 20 ng g1 MeHg in soils (Fleck et al., 2016). Within the Rocky
Mountains, there are over 7,300 historic sites where gold was mined either as a
primary, secondary, or tertiary commodity (Fig. 2-1; Mason et al., 1996). Most of the
mines are located within central Colorado, western Montana, and central Idaho
which coincide with the highest density of waterbody-specific fish advisories (Fig. 2-
1). Fewer downstream impacts are associated increasing watershed size and greater
natural vegetation land cover (Domagalski et al., 2016).

In mountains of the eastern U.S. and China, researchers have found that soil
mercury concentrations are positively correlated with altitude due to shifts in land

cover, atmospheric mercury deposition, and soil storage capacity (Gerson et al.
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2017; Zhang et al. 2013). Studies from the central Himalaya, however, have found
an inverse relationship between total mercury concentrations and elevation
associated with decreasing soil carbon content (Tripathee et al. 2019). Soil mercury
concentrations and pools along elevational gradients in the Rocky Mountains have
yet to be investigated marking an important knowledge gap regarding the factors
that drive mercury soil storage in this region, and how these factors may change in
the future with ongoing global change.

Across the western U.S., an estimated 35,100 kg yr=! of mercury is emitted
from soils to the atmosphere, primarily in the elemental Hg(0) form due to its high
volatility. Fluxes vary widely across the west ranging from 7.7 + 0.2 pg m=2 yr~1 in
the Great Plains to 29.7 + 1.9 pg m=2 yr~! in the Mediterranean ecosystems of
California (Eagles-Smith et al. 2016; Eckley et al. 2016). Comparing estimates of
mercury inputs and losses across the entire western U.S. (inclusive of the Rocky
Mountains) indicates that, on average, this region is a mercury sink (Eagles-Smith
et al. 2016). Within the Rocky Mountains, the source-sink behavior of mercury
likely varies across elevation gradients, land and plant cover, variability in
atmospheric deposition rates, leaching in runoff, and evasion to the atmosphere. In
Rocky Mountain National Park, researchers found that less than 20% of
atmospherically deposited mercury was lost in annual runoff, suggesting that the
alpine zone acts as a sink for mercury (Mast et al. 2005; Shanley et al. 2008).
However, this estimate was made without soil flux measurements and intense solar
radiation at high-elevations likely promotes high evasion rates (Eckley et al. 2016).
Soil evasion measurements using dynamic flux chambers from northwestern
forested mountains average 11.5 + 0.4 pg m=2 yr~! and provide an estimate for rates
in forested montane and subalpine regions of the Rocky Mountains (Eckley et al.

2016). However, measurements from across a diverse subset of Rocky Mountain
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land covers will be necessary to better constrain the overall source or sink nature of

mercury.

2.3.4 Transport, Transformations, and Bioaccumulation

If deposited or transported into areas of permanent or temporary saturation,
inorganic mercury can be readily transformed into MeHg if conditions are conducive
for microbial methylation. Across the western U.S., MeHg concentrations in aquatic
sediments have large spatial variability that are driven by landscape and land-use
characteristics. Importantly, Fleck and colleagues (2016) found some of the areas
with the highest MeHg concentrations occurred in areas with relatively low total
mercury concentrations, particularly in areas of the Rocky Mountains. The
production of MeHg in aquatic regions of the Rocky Mountains, however, has
received little attention despite over 6000 km? of lakes and ponds, 3000 km? of
reservoirs, 700 km? of streams, and 650 km? of wetlands.

There is evidence, however, from dragonfly larvae used as biosentinels that
lakes, streams, and wetlands in the Rocky Mountains have MeHg concentrations at
levels of concern for human and ecosystem health (Eagles-Smith et al. 2020).
Eagles-Smith and colleagues (2020) conducted a survey of >450 sites spanning 100
U.S. National Park service units to create integrated impairment indices for fish,
wildlife, and humans based on mercury concentrations of dragonfly larvae. Data
extracted from the seven sites sampled within the Rocky Mountains shows 10 % of
samples were below any of the deleterious effect benchmarks, 16% had low hazard
risk, 35 % had moderate hazard risk, 22 % had high hazard risk, and 5 % had
severe hazard risk. The percentage of sites within the high hazard and severe
hazard risk categories in the Rocky Mountains was higher than in the U.S. as a

whole, where only 11 and 1 % of sites fell into those categories, respectively (Eagles-
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Smith et al., 2020). Despite the Rocky Mountains having areas with high- to severe-
risk for MeHg contamination, we did not find any studies that quantify the
processes driving these concentrations, such as studies on mercury methylation and
demethylation rates. Indeed, methylmercury production in lake, stream, and
wetland environments of the Rocky Mountains has received little to no attention,
with most studies previously reporting total mercury MeHg concentrations from
high altitude lake ecosystems (e.g., Krabbenhoft et al., 2002). This knowledge gap is
important to address, as these aquatic regions act as gateways for the transport of
water from high-elevations downstream, and provide habitat and forage for local
wildlife.

Despite limited investigation of MeHg production in mountain regions, the
atmospheric deposition and methylation of mercury across the western U.S. has
resulted in widespread mercury contamination and mercury bioaccumulation
within fish populations of the Rocky Mountains (Lepak et al. 2016). There are over
200 waterbody-specific fish consumption advisories for mercury in the region (Fig.
2-1). These advisories likely underestimate the extent of the mercury
contamination, as waterbody-specific advisories are limited to sites where fish
mercury concentrations have been tested. In addition, there are state-wide
consumption advisories for specific fish species and fish lengths for all locations in
Idaho (<8 meals per month of Smallmouth (Micropterus dolomieu) and Largemouth
(Micropterus salmoides) bass), Colorado (<1 meals per month of Smallmouth Bass
(Micropterus dolomieu) <38 cm, Largemouth Bass (Micropterus salmoides) > 38 cm,
Tiger Muskie (Esox masquinongy); and <2 meals per month of Cutthroat Trout
(Oncorhynchus clarkia) and Micropterus dolomieu >38 cm), and Wyoming (avoid
Oncorhynchus clarkia >38 cm, Micropterus >30 cm, Black Crappie (Pomoxis

nigromaculatus) >25 cm, Burbot (Lota lota) >51 cm, Channel Catfish (Ictalurus
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punctatus) >51 cm, Sauger (Sander canadensis) and Walleye (Sander vitreus) >30
cm, and Northern Pike (Esox Lucius) and Muskellunge (Esox masquinongy); Fig. 2-
1). These advisories are for general populations and more stringent
recommendations exist for pregnant people and children.

Of the waterbody-specific advisories in the Rocky Mountains, over half of the
locations are found above 1500 m in elevation, with the majority in constructed
waterbodies such as reservoirs. Alternatively, lotic, or moving freshwater
environments, generally, have lower mercury bioaccumulation in fish. Day et al.,
(2020) found that only 13 % of over 2,300 samples exceeded fish health benchmarks
in their study of the Upper Colorado River Basin. This pattern suggests that high-
elevation reservoirs may be particularly important hot spots for mercury
bioaccumulation and exposure with implications for downstream ecosystems and
human populations.

In addition to mercury bioaccumulation in aquatic food webs, evidence from
other mountain and steppe regions suggest that terrestrial bioaccumulation of
mercury 1s also an area of concern. The impacts, however, of MeHg bioaccumulation
on behavior, reproduction, and survival is poorly understood for most terrestrial
taxa in mountainous regions (Rimmer et al., 2010; Rodenhouse et al., 2019).
Although terrestrial ecosystems typically produce low concentrations of MeHg,
aquatic MeHg can pass into terrestrial food webs and enhance mercury
bioaccumulation (Cristol et al., 2008; Janssen et al., 2023). Additionally, terrestrial
food webs can have higher trophic levels compared to aquatic food webs resulting in
greater MeHg bioaccumulation in top consumers (Bartrons et al., 2015; Janssen et
al., 2023). Elevated mercury concentrations, specifically in terrestrial mountain food
webs, have been observed across trophic levels from arthropods (Rimmer et al.,

2010) to birds (Ackerman et al., 2016; Jackson et al., 2016; Sauer et al., 2020) to top
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predators (Y. Ma et al., 2023). These studies generally found organism tissue MeHg
concentrations to be highest in mid- to high-elevation zones because of elevated
atmospheric mercury deposition and increased MeHg bioavailability (Rodenhouse et
al., 2019; Sauer et al., 2020; Townsend et al., 2014).

The human impact of mercury exposure is widespread throughout the world,
causing a variety of neurological health consequences, primarily through
consumption of fish and shellfish (USEPA 2018). Many of the fish species with
advisories are popular for anglers who feed themselves and their families with
locally caught fish. Indeed, for many communities and families experiencing
financial hardship, eating locally caught fish is an essential protein source (Quimby
et al., 2020). Additionally, catching and consuming fish is a sovereign right for the
Tribal Nations marking an essential social practice and source of economic
sustenance for Indigenous communities (Cantzler & Huynh, 2016). Thus, the
widespread mercury contamination of fish populations across the U.S. marks a
stark environmental justice issue (Barbo et al., 2023; Chiapella et al., 2021; Dai et
al., 2023; Eagles-Smith, Ackerman, et al., 2016; Houde et al., 2022; Roe, 2003). The
disproportionate impact of mercury contamination on Indigenous peoples has been
studies most extensively in the Arctic where adverse health outcomes have been
observed across all life stages (see Basu et al. 2022). The effect of mercury
contamination on native communities outside the Arctic is much less studied. One
2003 study examined the disproportionate impact of mercury contamination in food
sources for Indigenous communities across the U.S. and found 59 reservations are
at moderate risk, 70 at high risk, and 19 at severe risk for mercury exposure.
Additionally, across 655 watersheds containing a native community (>10 % native
population), the mean fish mercury concentration was 0.32 ppm, just above the

EPA’s guidance value for safe fish consumption at the time (Roe 2003). There are
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eleven reservations with native communities within the Rocky Mountains (Fig. 2-1),
and Indigenous peoples make up ~2—10 % of the total population within each of the
states that include the Rocky Mountains (Fig. 2-1). These communities are likely to
be impacted by continued mercury contamination; however, information is not
currently available regarding the disproportionate exposure of MeHg to these
groups. This deficiency marks an important need for community-driven research,
education, and outreach to better understand the scope of this issue and effective

means for counteracting mercury exposure while maintaining cultural traditions.

2.4 How Does Climate Change Impact Mercury Cycling in the Rocky

Mountains?

2.4.1 Background

Climate change is impacting high-elevation ecosystems more rapidly and
intensely than lowland regions (Hock & Rasul, 2019; Kittel et al., 2015). Since these
ecosystems are highly sensitive to mercury contamination, it is important to
consider how future change will impact mercury transport, bioavailability, and
toxicity. In the Rocky Mountains, climate change is causing increased warming
(McGuire et al., 2012), drought conditions (Tague & Dugger, 2010), and growing
season length (Hu et al., 2010), all of which have important implications for
mercury cycling in local and distant ecosystems. Here, we focus specifically on the
effects of shifting hydrology and wildfire on mercury mobilization and ecosystem

exposure (Fig. 2-4).

2.4.2 Shifts in Hydrology
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Drought and warming temperatures are causing shifts in hydrology that
impact the availability and transport of inorganic mercury, as well as the potential
for MeHg production in the Rocky Mountains through a variety of mechanisms (Fig.
2-4). As the Rocky Mountains warm, snowmelt is occurring earlier and more
precipitation is falling as rain than snow (Halofsky & Peterson, 2018; Larson et al.,
2011). Clow (2010) found that between 1978 and 2007, increasing springtime air
temperatures and declining snowpack shifted snowmelt 2 to 3 weeks earlier in the
Colorado Rocky Mountains. Hydrologic simulation experiments using reconstructed
snowpacks, also from the Colorado Rocky Mountains, predicted an earlier melt-out
of 31 days on average, spanning the years 2001-2014 (Badger et al., 2021).
Additionally, more precipitation is occurring as rain than snow across the Northern
Hemisphere where snow occurs, with periods of heavy precipitation intensifying
(McCabe & Wolock, 2010; Rocca et al., 2014). In mountain environments, more
precipitation as rain is also causing well documented increases in rain-on-snow
events (Cache et al., 2023; Musselman et al., 2018). These changes increase erosion
and transport of sediment downstream, and these responses are predicted to worsen
with continued climate change (Cache et al., 2023; Pelletier, 2009). Using a
landscape evolution model, Cache and colleagues (2023) demonstrated that under
the most extreme climate scenario (RCP8.5), sediment yield in a small Swiss Alps
catchment increased by 6 % due to more precipitation falling as rain and
intensification of heavy precipitation events. Increased flushing and erosion of
surface soils results in greater export of soil-bound mercury downstream to lentic
ecosystems where anoxic conditions and availability of organic carbon and terminal
electron acceptors favor conversion of inorganic mercury to MeHg (Halofsky &
Peterson, 2018; X. Sun et al., 2022). Earlier snowmelt, decreasing snowpack,

coupled with subsequent drought and more intense periodic rainfall lead to more
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extreme wetting and drying cycles that can accelerate MeHg production. Reservoirs
are particularly sensitive to this phenomenon; earlier, more intense spring runoff
causes reservoir stage to decrease earlier and fluctuate more dramatically among
years (Cohen et al., 2020). Across the western U.S., a 3.2-fold increase in fish
mercury concentrations was observed across —30 to +50 % variations in interannual
reservoir water levels (Willacker et al., 2016). Fish in reservoirs that experienced
their lowest water stage at the beginning of the summer (May, June, or July) had
fish mercury concentrations up to 11-fold higher than in reservoirs with water
minimums at other times of the year (Willacker et al., 2016). Elevated MeHg
production under these conditions is likely driven by accelerated decomposition of
organic matter in littoral sediments experiencing water-level fluctuations. This wet-
dry cycle enhances mercury methylation by liberating inorganic mercury into
bioavailable forms during low stage, as well as increasing reducing conditions and
dissolved organic carbon needed for microbial methylation during high stage

conditions (Eckley et al., 2017).
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Figure 2-4 Schematic illustrating the climate change driven impacts of changing
wildfire (red) and hydrology (blue) on inorganic mercury transport and MeHg
production in the Rocky Mountains.

Changes in selective water withdrawal can also impact temperature and
oxygen conditions within reservoirs. These changes have implications for MeHg
production in reservoirs with past studies documenting increased MeHg production
and uptake in aquatic food webs at the Hells Canyon Complex (Snake River, Idaho-
Oregon) because of increased thermal stratification and anoxia (Baldwin et al.
2022). Climate and land-use changes are driving widespread increases in seasonal
anoxia and thermal stratification, which combined with increased wetting and
drying cycles has the potential to exacerbate MeHg production across a variety of
mountain aquatic ecosystems (Jane et al., 2021). This marks an important
knowledge gap and area for future research to better quantify the impact of climate-
driven hydrologic shifts on MeHg production in reservoirs, as well as other natural

water bodies, within the Rocky Mountains.
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Thawing ice features in high-elevation regions may also impact hydrology
and the potential for MeHg production in mountain regions across the globe. Over
the past three decades, chemistry in high-elevation streams from multiple sites in
the Rocky Mountains, western Canada, the European Alps, the Icelandic Shield,
and the Himalayas demonstrate consistent and widespread patterns of increasing
sulfate and base cation concentrations or fluxes (Crawford et al., 2019). In the
Rocky Mountains, despite decreasing trends in atmospheric sulfate deposition,
sulfate concentrations in runoff have increased by 300% over the past 30 years. This
trend is likely the result of accelerated weathering of pyrite associated with thawing
ice features (Crawford et al., 2019). It is unknown whether the MeHg production in
the Rocky Mountains is sulfate limited; however, it is possible that increases in
sulfate export could stimulate MeHg production by sulfate reducing bacteria in
downstream aquatic environments, such as mountain reservoirs and wetlands
(Jeremiason et al., 2006).

Aridification also impacts mercury cycling in the Rocky Mountains by
changing inputs and losses of dust-bound mercury through wind erosion, and soil
mercury evasion (Duniway et al., 2019; Huang et al., 2020; Overpeck & Udall, 2020;
Scott & Black, 2020). Aridification and land use changes are increasing
desertification and dust storms in many regions of the globe, particularly the Asian
and African continents (Han et al., 2021; Z. Yang et al., 2022; C. Zhang et al., 2019;
L. Zhang et al., 2013; Zhu et al., 2022). The western U.S. receives a significant
percentage of annual dust loads from these regions with 49-77 % coming from Asia
and 15-34 % coming from Africa (Duncan et al., 2007; L. Zhang et al., 2013).
Multiple studies from western Chinese mountain ecosystems, the Atlantic Ocean,

and Antarctic snowpack, demonstrate that wind-transported dust from Asia and
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Africa are important sources of mercury to downwind regions, such as the western
U.S. (Huang et al., 2020; Witherow & Lyons, 2008).

In addition to receiving dust-bound mercury from afar, the western U.S. is
also experiencing aridification and intensifying dust storms that can transport dust-
bound mercury to the Rocky Mountains (Duniway et al. 2019; Overpeck and Udall
2020). Historical data from glaciers and high-elevation lake sediments cores in the
Rocky Mountains demonstrate that dust is an important source of mercury to
mountain ecosystems (Carling et al., 2017; Mast et al., 2010). Future studies that
determine the concentration of mercury in dust, rates of deposition, and how these
factors are shifting with global change are needed to better understand the relative
importance of this mercury source. Inputs through dust, though, likely play an
important role in the mercury cycle in the Rocky Mountains, as work from the
Arctic demonstrates how elevated dust increases mercury concentrations in
vegetation with implications for litterfall, soil, and local wildlife (C. L. Olson et al.,
2019).

With continued drought, the Rocky Mountains may also become a global
source of mercury through wind erosion and soil-air evasion (Eckley et al., 2016;
Goudie, 2018; Scott & Black, 2020). To our knowledge, no studies have investigated
mercury export in aeolian erosion from this region, particularly in the context of the
total mercury transport flux. Future work must determine if the Rocky Mountains
are a sink or source for dust-bound mercury and what the global and regional
1implications are for mercury transport and bioaccumulation. Aridification also
1mpacts mercury evasion from soils back to the atmosphere by reducing waterbody
and vegetation extent, thereby exposing more bare soil surfaces (Bodner & Robles,
2017; Hannoun & Tietjen, 2022). In general, bare soils receive greater solar

radiation and have drier surfaces, two factors known to be positively correlated with
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greater soil-air mercury fluxes (Eckley et al. 2016). Eckely and colleagues (2016)
demonstrated across the western U.S. that sparsely vegetation regions have larger
net ecosystem mercury emissions compared to forested and other heavily vegetation
regions. This suggests that continued aridification of the west may contribute to

greater net losses of mercury from these ecosystems over time.

2.4.3 Increased Wildfire Activity

Warmer air temperatures and increased drought are driving more frequent
and intense wildfires across the western U.S (Abatzoglou & Williams, 2016). Ash
released from wildfires can have a variety of consequences for local mercury cycling.
When biomass is burned, mercury previously stored in above ground plant tissues
such as grasses, shrubs, and trees, as well as surface soils (<5 cm), is released back
to the atmosphere in elemental and oxidized forms that act as a substantial release
of mercury from terrestrial ecosystems (Homann et al., 2015; Webster et al., 2016).
Remobilized mercury is then available for further transformations and uptake by
organisms once it is redeposited onto the landscape (Kumar & Wu, 2019; X. Li et al.,
2022). Webster and colleagues (2016) report that across the western U.S., ~3100 +
1900 kg yr~! of mercury is released annually from wildfires; this value is likely to
increase because of more frequent and intense wildfires. Additionally, enrichment of
mercury in terrestrial ecosystems, due to increasing atmospheric mercury
emissions, is projected to increase mercury wildfire emissions across North America
by 19% in 2050 (Kumar et al. 2018). The amount of mercury released from an
ecosystem during wildfire depends on the vegetation structure and fire severity. In
general, across forests of the western U.S., Aspen forests (Populus tremuloides) tend
to release the lowest amount of mercury during a burn event, averaging 0.9 g ha1,

while Hemlock-Sitka Spruce forests (Picea sitchensis) release the most averaging,
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7.8 g ha-! (Webster et al., 2016). In the Wyoming Rocky Mountains, wildfire was
found to release 3.6—-12.9 g ha~! of mercury in deciduous forests and 7.4-25.3 g ha!
in coniferous forests (Biswas et al., 2007).

Wildfire in grasslands is also likely an important vector for mercury loss
within the Rocky Mountains. Long-term records demonstrate increasing wildfire
activity in these ecosystems over the past 30 years (Donovan et al., 2017). The
quantity of mercury stored and released in grassland ecosystems, however, has
received little attention. One study from the Rocky Mountains reported a loss of
~4.1 g ha™! of mercury during wildfire (Biswas et al. 2007). This research suggests
that grasslands can act as a source of mercury during wildfire, similar to forested
regions, but additional studies are needed. In addition to vegetation cover, soil
development also impacts the amount of mercury released during wildfire with soil
O horizons releasing more mercury than A horizons (Homann et al. 2015). Since the
Rocky Mountains are characterized by extreme gradients in soil development and
vegetation cover with changes in elevation and aspect, better measurements of
mercury release from wildfire across these different regions will be critical in
assessing the mercury sink/source nature of the region.

Most of the mercury released during wildfire is in its particulate, oxidized
form with a relatively short residence time. Thus, a large fraction of ash is
redepositing on the landscape close to the source (Seigneur et al., 2004). When ash
falls to the surface of Earth, it acts as a vector for the movement of mercury into an
ecosystem where it can have a variety of fates and consequences. Ash-bound
mercury typically has a relatively low methylation potential, resulting in low
bioavailability (Ku et al., 2018). However, wildfire ash has also been shown to leach
labile organic matter which provides an important energy source to mercury

methylating microbes, thereby indirectly increasing MeHg production (Li et al.
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2022). L1 and colleagues (2022) showed that wildfire ash efficiently sorbs inorganic
mercury onto its surface, helping to store mercury within ecosystems.

These various fates of ash-bound mercury illustrate the uncertainties
regarding the impact of increased wildfire activity on mercury contamination,
specifically for the Rocky Mountains. In addition to local wildfires, the Rocky
Mountains also intercept smoke plumes from more distant wildfires such as those
occurring in California (Brey et al., 2018; Val Martin et al., 2013). These distal
sources of smoke may increase inputs of mercury into the Rocky Mountains through
wet and dry atmospheric deposition. It will be important for future studies to
quantify the sources, concentrations, and species of mercury in smoke plumes to
better predict how continued wildfire activity will impact mercury transport,

bioavailability, and exposure of biota.

2.5 Summary of Research Opportunities

With continued atmospheric mercury deposition to the Rocky Mountains,
there is a need for research that addresses important knowledge gaps both for this
region, as well as semi-arid mountains globally. We examined these gaps in the text
above and summarize research priorities here (Table 2-2).

First, it is important to quantify the inputs and losses of mercury through
atmospheric deposition and evasion, particularly in the context of increasing
wildfire activity and aridification. Quantifying net mercury budgets is critical to
constrain the source or sink nature of the Rocky Mountains and to improve
understanding of the role of this region in the global mercury cycle. Constraining
the sources and pathways of mercury inputs through wet and dry deposition is also

important as the proportions of each are likely to change with increased wildfire
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and wind erosion, as well as shifts in global primary emission sources, which will
dictate mercury exposure and toxicity. It will be particularly critical to characterize
and quantify the role of vegetation in mediating the atmosphere-land exchange of
mercury.

Second, it is important to constrain how the mercury cycle shifts along
elevation gradients to determine the zones with the highest contamination risk, and
how higher-elevation sites may impact downstream regions. Assessing mercury
inputs, storage, and transformations with changes in precipitation and vegetation
cover along elevation gradients in the Rocky Mountains will help determine the
factors controlling mercury cycling in western U.S. mountain ecosystems.
Additionally, it will strengthen our ability to compare the Rocky Mountains to other
mountain regions of the world where research has provided a better understand of
mercury dynamics along mountain elevation gradients, such as in the Himalaya
and eastern U.S.

Third, methylmercury production in mountain aquatic regions such as
reservolrs, wetlands, and streams needs to be assessed to determine contamination
risk for humans and local wildlife. Reservoirs are an important area of focus since
they make up a large percentage of waterbodies in the Rocky Mountains and are
susceptible to MeHg production due to increases in wet-dry cycles and low stage
conditions. Additionally, reservoirs are important pathways of human exposure to
mercury through fish consumption. Investigating MeHg production in streams and
wetlands 1s also important. These aquatic expanses provide important food
resources and habitat to local ecosystems, as well as pathways for water supply
downstream. Shifts in hydrologic conditions due to climate change in these areas

will likely exacerbate net MeHg production.
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Fourth, there is a need to examine the disproportionate impact of mercury
contamination on indigenous communities within the Rocky Mountains—and U.S.,
more broadly—through community-lead research, education, and outreach. Such
efforts will require integration of Indigenous representatives into scientific studies;
such inclusion must occur at the beginning of the research process to ensure that
the priorities and standards of indigenous communities lead and are represented in
the research.

Finally, it is important to assess the impact of climate change on mercury
cycling in mountain regions. Shifts in hydrology and wildfire connected to global
change have the potential to increase the availability of mercury, production of
MeHg, and exposure to humans and wildlife in mountain regions making this a
critical area of research. Quantifying the impacts of climate change on mercury
cycling will require a combination of long-term observations and modeling efforts to
understand the consequences of different climate-related forcings (Table 2-2).

Although we have focused on existing research and knowledge gaps in the
U.S. Rocky Mountains region, the topic of mercury cycling is applicable to other
semi-arid mountain ecosystems of the world. Indeed, due to the ubiquity of mercury
in environments globally, it is truly a topic that concerns everyone, and must be
prioritized in the research agenda to promote the health of ecosystems and people

everywhere.
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Table 2-2: Summary of knowledge gaps and future research priorities.

Iy

Knowledge gap

Concentrations and flux of
atmospheric mercury dry deposition

Concentrations and pools of mercury
in soils along mountain elevation
gradients

Rates of mercury evasion from soils
along mountain elevation gradients

Methylmercury production in
mountain reservoirs, lakes, and
wetlands

The disproportionate impact of
mercury contamination on
indigenous communities

Impacts of climate change on
mercury cycling in mountain regions

Future research priority for western mountain regions

Increase number of AMNet sites. Collect litterfall and
throughfall data. Assess the impact of plant cover along
elevation gradients on dry deposition rates.

Conduct studies similar to past work done in the eastern U.S.
and China to determine patterns of total and methylmercury
concentrations and pools along elevation gradients. This will
provide insights into regions with the greatest risk for
mercury exposure to humans and wildlife.

Use consistent, reproducible methods (e.g., dynamic flux
chambers) for measuring mercury evasion rates across
different land covers and elevation zones.

Measure concentrations and mercury methylation efficiencies
in different aquatic landforms to determine regions that are
hotspots for MeHg production and exposure to local wildlife
and downstream ecosystems. Use dragonflies as biosentinels
to put ecosystems into larger contamination risk index.

Use community-driven research, education, and outreach to
better understand the scope of mercury exposure and
effective measures for counteracting health concerns while
maintaining cultural traditions.



r

Rates of mercury transport
downstream as a result of earlier
and faster snowmelt

Methylmercury production in
reservoirs, lakes, and wetlands
that are experiencing increasing
wetting / drying cycles

Mercury transport in dust from
increased aridification and dust
storms

Mercury evasion from soils with
increased aridification

The sources, concentrations, and
species of mercury transported
in wildfire plumes

Measure mercury concentrations in runoff and use stable
1sotopes to determine mercury source (atmospheric versus
terrestrial).

Measure concentrations and methylation rates in aquatic
mountain regions to determine areas that act as MeHg
hotspots. Conduct wetting / drying incubation experiments.
Measure soils in situ following wetting / drying events and
compare to baseline conditions.

Collect dust from persistent snowpack / glacial regions to
determine mercury inputs via dust over time. Collect bulk
deposition and air samples in areas exposed to dust
plumes.

Combine measurements of soil evasion rates across
moisture and plant cover gradients with model predictions
of aridification.

Collect air samples within wildfire plumes to determine
source, concentrations, and species of mobilized mercury.
Use these data to determine the bioavailability of mobilized
mercury and source / sink nature of regions that are
burning.
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CHAPTER III

MERCURY CYCLING ACROSS A U.S. SEMI-ARID MOUNTAIN ELEVATION

GRADIENT: PATTERNS, DRIVERS, AND BIOACCUMULATION

H. R. Miller, S. E. Janssen, S.A. Taylor, J. R. Gerson, Tyler L, McIntosh, and E. S.
Hinckley

3.1 Abstract

Mercury (Hg) cycling in high-elevation ecosystems remains poorly understood
despite significant implications for ecosystem and human health. These landscapes
receive higher atmospheric Hg deposition compared to lower-elevation sites. Due to
slow soil carbon turnover and temperature-regulated biological processes, high-
elevation regions have the potential to serve as sinks for atmospheric Hg, but the
degree to which they act as sinks or sources is underexplored, particularly in the
western United States. In this study, we quantify Hg inputs, storage, and
bioaccumulation along a ~2,000 m semi-arid elevation gradient in the Colorado
Rocky Mountains, encompassing plains, foothills, montane, subalpine, and alpine
zones. Over a three-year period, we investigated Hg fluxes and pools in atmospheric
deposition, vegetation, soil, and terrestrial biota. Contrary to predictions,
atmospheric Hg concentrations and precipitation fluxes were significantly higher at
lower elevations (p < 0.05), likely reflecting local emissions and meteorological
pooling. Hg storage in soils was more strongly linked to organic matter content (R?
= 0.49) and water retention (R2 = 0.45) rather than elevation (R2 = 0.21). In alpine
regions, slower organic matter turnover and accumulation led to significantly
higher Hg concentrations compared to lower elevations (66.3 + 25.3 vs. <41.0 + 12.7

ng g1, p <0.01). We also found methylmercury concentrations in chickadee feathers
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peaked at mid-elevation (205 + 155 ng g'1), coinciding with increased coniferous
canopy cover and throughfall fluxes. These results indicate that vegetation type and
climatic factors drive Hg cycling patterns more than elevation alone. Our findings
establish a baseline for understanding Hg cycling and bioaccumulation in mountain
ecosystems, offering critical insights into how climate change may disrupt these

landscapes' roles as Hg sinks.

3.2 Introduction

Mercury (Hg) cycling has been dramatically accelerated by human activities
over the past century with consequences for human and ecosystem health globally
(Selin, 2009). Due to a relatively long residence time in the atmosphere (up to two
years), inorganic Hg can undergo long range transport reaching remote landscapes,
such as mountainous regions, far from industrial sources (Lovett & Kinsman, 1990;
Weathers et al., 2006). There, Hg can enter the landscape via precipitation, dry
deposition, and litterfall, then accumulate in soil, enter streams, or oxidize back to
the atmosphere (Driscoll et al., 2007). Additionally, if inorganic Hg enters anoxic,
high carbon (C) environments, such as wetlands, it can be transformed into the
neurotoxic substance methylmercury (MeHg) by anaerobic microbes (Benoit et al.,
2002). This organic form of Hg can then bioaccumulate and biomagnify in the local
ecosystem and is currently responsible for fish consumption advisories in every
state of the United States (U.S.) (US EPA, 2014) and many waterbodies globally.
Such consequences are concerning in mountain and high latitude regions where
Indigenous groups, in particular, rely on fish as a major food source (Basu et al.,
2022).

Despite making up 27 % of Earth’s land surface area (H. Zhang et al., 2013),

high-elevation ecosystems have received limited attention with respect to Hg
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inputs, cycling, and contamination. Abrupt changes in meteorological, orographic,
and biological factors along mountain elevation gradients drive unique patterns of
Hg cycling that have been studied in several environments (e.g., Blackwell and
Driscoll 2015) but remain poorly constrained. Additionally, mountain landscapes
are disproportionately impacted by climate change (Beniston, 2006; Hock & Rasul,
2019), which will likely shift baseline Hg cycling and highlights the importance of
characterizing and quantifying Hg contamination in these regions. Quantifying
MeHg bioaccumulation in terrestrial mountain wildlife is particularly important, as
they are understudied relative to aquatic end points and often rely on aquatic food
sources with elevated MeHg concentrations (Janssen et al., 2023). Therefore,
understanding the inputs, transformations, and fates of Hg across mountain
elevation gradients is critically important to assess current and future
contamination risk.

Recent studies highlight broad trends in Hg cycling at different elevations
along mountain landscapes. Generally, greater Hg inputs and storage occur at
higher elevations, which researchers have attributed to higher quantities of
precipitation, shifts in tree cover from deciduous to coniferous stands, and slower
soil carbon turnover (Fisher & Wolfe, 2012; Stankwitz et al., 2012; Szopka et al.,
2011; Townsend et al., 2014; H. Zhang et al., 2013). Hardwood versus coniferous
tree cover type is a particularly important driver of Hg cycling. Studies in the
Adirondack Mountains, NY, showed that coniferous stands receive higher inputs of
Hg compared to hardwood stands due to greater needle surface area, have higher
losses of Hg via drainage, and result in greater bioaccumulation in downstream fish
populations compared to deciduous stands (Blackwell et al., 2014; Drenner et al.,
2013). This pattern is likely due to the efficient production of MeHg within

coniferous forests, with Zhou et al. (2018) finding a 444 % increase in MeHg
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concentrations within montane coniferous forest litter over a one-year incubation.
Multiple investigators have documented the subsequent bioaccumulation of MeHg
along several mountain elevation gradients. For example, Townsend and colleagues
(2014) found a linear increase in Hg concentrations in Catharus thrushes and the
salamander (Plethodon cinereus) with elevation, while Ma et al. (2021) and Sauer et
al. (2020) observed the highest Hg concentrations in biota (small mammals and
Catharus thrushes, respectively) in mid-elevation areas between 3,500—3,800 m and
1,000-1,300 m, respectively.

While these studies provide a helpful preliminary assessment of mountain
Hg cycling, they are mostly based in the eastern U.S. or Himalayan Mountains. The
semi-arid, mountainous western U.S. marks a particularly relevant knowledge gap,
as it 1s dominated by coniferous forests that have the potential to efficiently transfer
Hg into terrestrial and aquatic ecosystems and act as water resources for millions of
people in lowland communities (Colorado State Forest Service, n.d.; NatureServe
Explorer, n.d.). Some studies of Hg cycling across the western U.S. have included
sampling sites within mountain regions that provide a snapshot of Hg
concentrations in soil, precipitation, and wildlife (Eagles-Smith, Wiener, et al.,
2016; Obrist et al., 2016; C. I. Olson et al., 2020). There are, however, notable data
gaps, such as Hg fluxes via litterfall and dry deposition, which contribute
significantly to Hg budgets, as reported in studies in the eastern U.S. and elsewhere
(Blackwell et al., 2014; NADP, 2025; Zhou et al., 2021). To date, no studies have
simultaneously comprehensively assessed inputs, storage, and fates within a semi-
arid mountain environment, making it challenging to piece together a complete
assessment of the relative importance of different pathways of Hg in ecosystems, as

well as to compare cycling across mountain regions.
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The goal of our study was to quantify the inputs and fates of Hg across a
western U.S. semi-arid mountain elevation gradient to determine the primary
drivers of Hg contamination. To do this, we examined precipitation, throughfall,
litterfall, vegetation, soil, and terrestrial biota across a ~2,000 m elevation gradient
in the Colorado Rocky Mountains during the 2021-2023 growing seasons. Our
research aimed to address the following questions: 1) What are the patterns and
drivers of atmospheric Hg inputs and soil storage? and 2) How do elevational
patterns influence MeHg bioaccumulation across mountain ecosystems? Broadly, we
expected increasing inputs and storage of THg with elevation due to increasing
precipitation and litterfall volume and slower rates of soil mineralization, following
results from prior studies (Stankwitz et al., 2012; H. Zhang et al., 2013). We also
hypothesized that as atmospheric THg inputs increase, there would be an increase
in soil THg storage and potential for Hg bioaccumulation because of greater
morganic Hg availability. This comprehensive study covers a major knowledge gap
for baseline Hg cycling in high-elevation and arid ecosystems. Such studies are
critically important when assessing response to reductions in Hg emissions if
policies enacted by the Minamata Treaty are effective, as well as long-term
variations in Hg deposition from climate-change related factors, such as increased
wildfire and changing precipitation and water cycle patterns (Abatzoglou &

Williams, 2016; Kittel et al., 2015; UN Environment, 2019).

3.3 Materials and Methods

3.3.1 Study Area

Our study area covers ~2,000 m of elevation gradient in the headwaters of

the Boulder Creek Watershed of the Colorado Rocky Mountains. Following Marr
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(1961), we categorized our sampling sites into five elevation zones based on
approximate elevation ranges: the plains (1,450—-1,800 m, 39.961°N, -105.264 °W),
foothills (1,800-2,350 m, 40.015°N, -105.338°W), montane (2,350—2,800 m,
40.013°N, -105.460°W), subalpine (2,800-3,350 m, 40.036°N, -105.548°W), and
alpine (3,350—4,200 m, 40.053°N, -105.590°W) zones (Fig. 3-1). For consistency, all
sites along the elevation gradient were selected on east-facing aspects. There are
several long-term monitoring sites co-located with our study sites that we used for
flux calculations of precipitation and litterfall. A National Atmospheric Deposition
Program (NADP) National Trends Network (NTN) monitoring site within the
subalpine and alpine sites, a National Ecological Observatory Network (NEON)
litterfall site within the subalpine and alpine sites, and National Oceanographic
and Atmospheric Administration (NOAA) and NEON precipitation sites with all
five sampling sites.

The headwaters of the Boulder Creek Watershed are dominated by granitic
rocks, biotitic gneiss, schist, and migmatite with intrusions of Laramide rocks.
From the plains to the alpine zone, there is a decrease in average daily minimum
air temperatures (10°C to -6°C) and an increase in mean annual precipitation (~500
to 1,100 mm yr-!; Murphy et al., 2015, 2003). The tree cover along the elevation
gradient is dominated by coniferous forests with primarily Ponderosa Pine (Pinus
ponderosa) woodlands in the plains and foothills, mixed conifer forests in the
montane, and Lodgepole Pine (Pinus contorta) and subalpine fir (Abies lasiocarpa)
forests in the subalpine (Barry, 1973). Plant cover varies from grasslands in the
plains to shrublands in the foothills, montane, and subalpine, with very limited

growth under tree canopy; alpine tundra species occur above tree line (Barry, 1973).
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Figure 3-1: Outline of the Headwaters Boulder Creek Watershed (Hydrologic Unit
Code 10; (Seaber, 1988) with sampling locations (pink circles) and elevation zones
(dashed blue lines) overlaid on a digital elevation model.

3.3.2 Sample and Data Collection

We collected bulk air samples for total gaseous Hg (TGM), which is
predominantly gaseous elemental Hg (GEM), as well as Hg stable isotope (6292Hg)
analysis at three locations (plains, subalpine and alpine) (Tate et al., 2023). Air was

pumped through a sample train consisting of a 0.45 um polytetrafluoroethylene
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(PTFE) filter, soda lime trap, and two chlorinated activated carbon traps using a
diaphragm pump with a flow rate of ~900 mL min-!. Two-week integrated samples
were collected from May—August, 2023. All air samplers were installed ~1.5 m from
the ground surface with free air flow to the sampler. Following collection, all air
samplers were shipped to the U.S. Geological Survey Mercury Research Lab (MRL)
for analyses.

Litterfall was collected monthly at each site in 0.44m? mesh-lined baskets
that were deployed in late June and retrieved in late October 2022. Each site had
four replicate baskets strapped to trees ~1 m above the ground surface. Samples
were handled with clean nitrile gloves, placed in plastic bags, and transported in
coolers to the laboratory where they were frozen for further processing. For alpine
sites where there is no tree cover, bulk aboveground biomass was collected for THg
concentration analysis. Litterfall samples (n=100) were weighed before and after
lyophilization to determine percent moisture (% water) and then homogenized.

Direct precipitation and throughfall were collected in triplicate every ~two
weeks depending on precipitation volume throughout the growing season (early
June — early September 2023) within each elevation zone (only direct precipitation
in the alpine due to no tree cover). The sampler was comprised of an acid washed
0.011 m2 glass funnel attached to c-flex tubing, Teflon tubing, and a PTFE 250 ml
sample bottle all housed within black piping to prevent exposure to solar radiation.
The tubing was looped with a zip tie to prevent evaporation and the sample bottle
was pre-acidified with 2.5 ml 50% hydrochloric acid (HCI) to prevent microbial
growth and Hg volatilization. At each collection time point, the tubing was rinsed
thoroughly with ultra-high purity water and the sample bottle was replaced with a

new, pre-acidified bottle. Field blanks were collected at weekly intervals for one

51



month to determine if any Hg sorbing from the atmosphere occurred through the
exhaust hole of the sample bottle.

Four replicate soil cores were collected for Hg and physiochemical analyses at
each elevation zone in 2021 using a 4 cm x 10 cm bulb corer. In addition to the soils
collected from the five east-facing sites, we also collected soil samples from north-
and south-facing slopes in the foothills, montane, and subalpine. All samples were
handled with clean nitrile gloves, placed in plastic bags, and transported to the
laboratory in coolers where they were frozen for further processing. Bulk density
samples were collected at each site using a mini bulk corer (5 cm x 5 cm) for the A
horizon. For the O horizon, we used a 10 cm x 10 cm square plus measured the
depth with a ruler.

Within each elevation zone, plant leaves were collected from herbaceous,
graminoid, and shrub species in Summer 2022. Bulk aboveground biomass samples
were also collected in Summer 2023 by harvesting all standing live and dead plant
material from a 0.5 m x 0.5 m square at each site. Since plant species composition
varies along the elevation gradient, we also sampled the upper 4-8 leaves of
Achillea millefolium the week after bloom at each site along the elevation gradient
to assess variation in Hg uptake in vegetation unrelated to plant species
composition. Samples were transported to the lab, dried for 24 h in a 60°C oven, and
weighed. A subset of each sample was then ground for Hg analysis.

We collected Black Capped Chickadee (Poecile atricapillus) and Mountain
Chickadee (Poecile gambeli) feathers from 12-day-old chicks across the elevation
gradient in collaboration with the Boulder Chickadee Study. These organisms were
chosen since they are present at all elevations, which made it possible to assess
drivers of bioaccumulation along the elevation gradient. Additionally, chicks are fed

by adults that forage <500 m from the nest on primarily terrestrial insects (e.g.,
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Lepidoptera sp., Hymenoptera sp., and Hemiptera sp), and, therefore, MeHg
concentrations within juvenile birds provide a reliable signal for terrestrial Hg
contamination within the elevation zone from which they were sampled. Composite
feather samples were collected by combining 10-15 breast feathers from each chick

(n = 2—8) within each nest.

3.3.3 Laboratory Analysis for Hg Concentrations

All samples were analyzed at the U.S. Geological Survey Mercury Research
Lab (USGS MRL) following established methods and quality assurance criteria
noted below. We analyzed litterfall, aboveground biomass, and soil for THg
concentrations using atomic adsorption followed by direct combustion on a Nippon
MA-3000 Mercury analyzer. The instrument was calibrated using National
Institute of Standards and Technology (NIST) certified reference material (CRM)
1575a (pine needles, 39.9 + 0.7 ng g1) for litterfall and aboveground biomass, and
International Atomic Energy Agency (IAEA) certified reference material (CRM) 456
(coastal sediment, THg concentration = 77 + 5 ng g1) for soil with a detection limit
of 0.02 ng Hg. Analytical quality control was verified by an instrument calibration
linearity >0.995, as well as a method blank (<0.05 ng/boat), CRM (80-120%
recovery), and triplicate (<15 % relative standard deviation) every 10 samples.

Soil MeHg concentrations were determined by distillation and isotope
dilution per the USGS Techniques and Methods 5A-7 (Hintelmann & Evans, 1997,
U.S. EPA, 1998). Soils were enriched with a MeHg spike, acidified with potassium
chloride/cupric sulfate solution, and distilled by heating them to 120-125°C while
being purged with N2 gas. The resulting distillate was then buffered with sodium
acetate/acetic acid, ethylated with sodium tetraethylborate (NaTEB), and analyzed

on the Brooks-Rand “MERX-M” automated MeHg analytical system coupled to the
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Thermo 1CAP inductively coupled plasma-mass spectrometer (ICPMS) with a
detection limit of 0.014 ng g't. MeHg concentrations were calculated using isotopic
dilution. We performed analytical quality control with a mass bias correction (<5 %)
and isotope dilution correction (<5 %) at instrument calibration, as well as an
instrument calibration check standard every six samples (85 — 115% recovery), a
method triplicate (<25 % relative standard deviation of MeHg concentration) every
15 samples, and a CRM IAEA 405 (estuarine sediment, MeHg concentration = 5.49
+0.53 ng g1, 80-120% recovery) every 15 samples.

Total Hg concentrations in direct precipitation and throughfall were
determined by cold vapor atomic fluorescence spectroscopy (CVAFS) with the
Brooks-Rand “MERX-T” automated Hg analytical system. Briefly, bromine
monochloride (BrCl) was added to each sample and then samples were heated to
50°C for 5 d to release matrix-bound Hg and oxidize all forms of Hg to the Hg2*
oxidation state. Just prior to analysis, the BrCl was neutralized by the addition of
hydroxylamine hydrochloride (HAH) and the oxidized Hg is then reduced by
addition of stannous chloride (SnCls). Volatile Hg? is purged from the sample and
captured onto a gold sand trap, desorbed, and detected by CVAFS. Analytical
quality control was verified by a duplicate (<10 % difference between duplicates),
instrument spike (recovery within 85-115 % of known addition), and instrument
blank for every 10 samples analyzed. Instrument calibration linearity (>0.995) and
a daily detection limit (three times the standard deviation of the calibration blanks)
was calculated every day of analysis.

For chickadee feathers, MeHg concentrations were determined by cold vapor
atomic fluorescence detection with the Brooks-Rand “MERX-M” automated Hg
analytical system. Samples were weighed into Teflon vials and digested in 4.5 M

nitric acid at 60 °C for 8 h. The sample extract was then added to reagent water,
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titrated with an equivalent volume of 5 M potassium hydroxide, and buffered with
sodium acetate / acetic acid to a pH of 4.5-5.0. Oxidized Hg species (Hg2* and
MeHg") were ethylated by addition of sodium tetraethylborate (NaTEB). The
ethylated species, as well as elemental Hg, were then purged from the sample with
argon gas, retained on Tenax traps, thermally desorbed back into the sample
stream, and separated by mass with a gas chromatography column. The elemental
and ethylated Hg species were then released from the column into the sample
stream, thermally oxidized to elemental Hg, and detected by CVAFS. Analytical
quality control was performed with a mass bias correction (<5 %) and isotope
dilution correction (<5 %) at instrument calibration, as well as an instrument
calibration check standard every 10 samples (85 — 115% recovery), a method
triplicate (<15 % relative standard deviation of MeHg concentration) every 15
samples, and a CRM (IAEA 452) every 10 samples (80-120 % recovery of certified
value).

Total Hg concentrations were determined for chickadee feathers using the
same digestate as for the MeHg analyses. Samples were then treated with BrCl and
heated to 50°C for 5 d to oxidize all forms of Hg. An aliquot of the digest was added
to an analytical vial, and immediately prior to analysis the BrCl was neutralized by
the addition of HAH. Following neutralization, SnCls is added to the sample to
reduce Hg from Hg2* to HgO. The volatile Hg? is purged from the sample and
captured onto a gold sand trap, desorbed, and detected by CVAFS. Analytical
quality control was performed with a mass bias correction (<5 %) and isotope
dilution correction (<5 %) at instrument calibration, as well as an instrument
calibration check standard every 10 samples (90-110% recovery), a method
triplicate (<15 % relative standard deviation of THg concentration) every 15

samples, and a CRM (IAEA 452) every 10 samples (80—-120% recovery of certified
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value). Instrument calibration linearity (>0.995) was calculated every day of

analysis.

3.3.4 Soil Physicochemical Analyses

Soil samples were analyzed for a suite of soil physicochemical variables
including sulfate, loss on ignition (LOI), total carbon (C), total nitrogen (N), pH, and
water content. For physicochemical analysis, soils were divided into subsamples
based on drying technique: one subsample was dried at 105°C to calculate
gravimetric water content and loss on ignition, one subsample was dried at 60°C to
determine total C, and the remaining soil was air-dried and used to measure pH
and extractable sulfate. Loss on ignition (LOI) was used as a proxy for total soil
organic matter. Briefly, dried soils were combusted at 550°C for 4 h following
methods outlined by (Heiri et al., 2001). To measure pH, ~10 g of air-dried soil was
suspended in 20 mL of 0.01M calcium chloride (CaCl for 1 h and pH of the solution
was measured with a benchtop pH probe. Extractable inorganic sulfate (SO42)
concentrations were determined by shaking ~30g of air-dried soil in 100mL of 0.006
M calcium dihydrogen phosphate (Ca(H2PO4)2*H20) solution and measuring the
filtrate using ion chromatography (Metrohm 930 Compact IC Flex; detection limit
0.1 mg L-1 SO4%)) (Tan et al., 1994). For total C and N, dried soil was packed into
tins and measured at the University of Wyoming Stable Isotope Facility on a

Thermo Finnigan elemental analyzer.

3.3.5 Flux Calculations for Litterfall, Open Precipitation, and Throughfall

Growing season litterfall fluxes were calculated by multiplying litterfall THg

concentrations (aboveground biomass for the alpine site) by litterfall masses for
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each sampling time point, summing the quadruplicate average concentration over
the sampling period and dividing by the total area of the four collectors. Litterfall
masses were used from NEON litterfall sites for the alpine (NEON site 047) and
subalpine (NEON sites 040 and 057) (NEON, 2025). For the montane and foothills,
litterfall masses were used from NEON litterfall sites in Rocky Mountain National
Park at the same elevation and with comparable tree cover. Direct litterfall
collection masses from our collectors were used for the plains site.

Fluxes in open precipitation for the sampling period were determined by
multiplying the concentration of THg in open precipitation by the volume of
precipitation and summing the triplicate average from each sampling time point.
Precipitation volumes were extracted from NADP and NOAA precipitation gauges
(NADP, 2025; NOAA Physical Sciences Laboratory, 2024). We used NADP CO02 for
the alpine, NADP CO90 for the subalpine, NOAA Nederland 2.8 NE for the
montane, NOAA Boulder 4.5 W for the foothills, and NOAA 3.5 S, CO (CoCoRaHS)
for the plains.

Growing season throughfall THg fluxes were calculated by multiplying
monthly throughfall volumes by throughfall THg concentrations and summing the
triplicate average from each sampling time point. In cases where throughfall
collectors overflowed, a throughfall coefficient was used to determine volume by
multiplying open precipitation volumes by this coefficient. The interception
coefficient was calculated by dividing throughfall volumes by open precipitation
volumes during the sampling period and then averaging this ratio across the
elevation zone. This calculation resulted in a throughfall coefficient of 0.48 (Table
S3-1).

To calculate total fluxes of Hg into each elevation zone (open precipitation,

throughfall, and litterfall aggregated), we assumed that open precipitation
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represented total fluxes of Hg in atmospheric deposition in areas with no forest
canopy cover (i.e. bare ground and non-forest vegetation) and that throughfall
combined with litterfall represented total fluxes in areas with canopy cover. We
used NASA MODIS vegetation continuous fields (VCF) data (DiMiceli et al., 2021,
2022) to calculate percent canopy cover within each elevation zone and then scaled
total fluxes by canopy cover coefficients to weight THg fluxes through different
atmospheric deposition pathways. Past research has assumed forested areas
represent 100% canopy cover, which is reasonable for regions such as the
Adirondack Mountains, but is less accurate for semi-arid mountain ecosystems
where canopy cover can be as low as 15 % within, for example, open Ponderosa Pine
woodlands. As far as we are aware, this is the first study to take into account
percent canopy cover to weight total fluxes of Hg by percent open area (open
precipitation fluxes) and percent canopy covered areas (throughfall combined with
Litterfall).

In addition, we geospatially modeled THg fluxes across the headwaters of the
Boulder Creek Watershed based on remotely sensed canopy cover and elevation. We
first created spatially explicit maps of Hg fluxes across the watershed by
interpolating between our in-situ sampling locations. Between each sampling
location, we linearly interpolated flux values based on elevation; for locations above
the highest elevation sampling site and below the lowest elevation sampling site, we
used the values of those sampling locations to avoid extrapolation beyond sampling
bounds (Fig 3—8 C). Due to minimal canopy cover in the alpine (i.e., on isolated
northern aspects and along the lower elevational bounds of the bands), our
sampling structure lacked throughfall and litterfall flux measurements in this
elevational band. We extrapolated subalpine forest throughfall and litterfall values

to the alpine sampling site based on observed similarities between alpine and
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subalpine precipitation Hg values and site-specific knowledge that forest
characteristics in the alpine and subalpine regions of the watershed are similar. For
each pixel location across the watershed of interest, we weighted the interpolated
flux values by the remotely sensed vegetation continuous fields percent cover data
(Fig 3-8 B), resulting in spatially explicit surfaces of estimated annual, growing

season, and non-growing season THg fluxes (Fig. 8 D-F).

3.3.6 Statistical Analyses

We conducted statistical analyses using R 2023.03.0+386 (R Core Team,
2023). When necessary, we log-transformed the data to meet distributional
assumptions of statistical analyses. All concentrations below the detection limit
were assigned a concentration of 0. Influential data points were determined using
Cook’s distance with a threshold of 4 divided by the number of observations.
Outliers greater than 3 on the studentized residual plot were removed when
performing regression analyses. All model residuals were tested for normality using
the Shapiro-Wilk test, homogeneity of variance across groups using a Bartlett
(normal distribution) or Levene (non-normal distribution) test, heteroskedasticity in
regression models using a White Test. Results from ANOVA analyses are reported
as trends by elevation zone. Comparisons among factors were performed using
Tukey’s post hoc adjustment. Reported p values reflect main effect comparisons
within factors at an alpha value of 0.05. All linear models were checked for
multicollinearity and all variance inflation factor (VIF) values were <5. All reported
values in the results section reflect the average + standard deviation.

For comparisons across sample types (e.g., chickadees and soil versus
atmospheric deposition), we compiled a datasheet by taking four replicate soil

samples and then using a running average for the remaining variables to create
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four replicates for those other values as well. This approach yielded a datasheet

with four replicates for every elevation zone that also had no missing values.

3.4 Results

3.4.1 Atmospheric Hg Concentrations

Gaseous elemental Hg concentrations ranged from 0.69-1.41 ng m3 across
the growing season (May—August). Unlike past work (e.g., Zhang et al., 2013), Hg
concentrations in the plains (1.19 + 0.18 ng m3, n = 5) were significantly higher
than concentrations in the subalpine (0.83 + 0.12 ng m-3, n = 5) and alpine (0.92 +
0.14 ngm3,n=5, p <0.01, Fig. S3-1). After adjusting for the sampling month,
there was a significant negative relationship between elevation and TGM air
concentrations (p = 0.04), and TGM concentrations in September were significantly
lower than May (p = 0.04, Fig. S3-1 B); however, the overall model was not
significant (p > 0.05). 6292Hg ranged from 0.12 — 0.70 %o across the elevation
gradient and was significantly higher in the subalpine (0.58 = 0.12 %o0) compared to
the plains (0.19 + 0.06 %o) and alpine (0.35 + 0.13 %o) (p < 0.05, Fig. S3-1 C-D).

3.4.2 Mercury in Atmospheric Deposition: Open Precipitation, Throughfall,

and Litterfall

Open precipitation THg concentrations ranged from 10.1 to 34.0 ng Li'! across
the elevation gradient, and the foothills (24.8 + 2.9 ng L'!) was significantly higher
than the subalpine (19.7 = 2.9 ng L'!) and alpine (19.0 + 4.1 ng Li'!) during the
sampling period (Fig. 3-2A; p < 0.05). Contrary to our hypothesis, we observed a
significant negative linear relationship between elevation and open precipitation

THg concentrations (p < 0.01, AIC = 336, Table S3-2).
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Throughfall THg concentrations ranged from 14.7 to 98.7 ng L. and were
higher than open precipitation concentrations at all elevation zones (Fig. 3-2A).
Throughfall THg concentrations in the subalpine (36.6 + 16.3 ng Li'1) were
significantly lower than montane (58.6 + 22.2 ng L'}, p < 0.05) and no other sites
were significantly different from each other (p > 0.05). Again, contrary to our
hypothesis, we observed a non-linear, quadratic relationship between elevation and
throughfall THg concentrations (p = 0.02, R2 = 0.13; S3-2), and no linear
relationship was observed (p > 0.05).

Litterfall THg concentrations ranged from 7.5 ng g1 to 110.0 ng g! (Fig. 3-
2B). Averaged across all collection time points, the alpine (15.6 + 7.3 ng g'!) was
significantly lower than the subalpine (49.6 += 31.0 ng g'1), montane (40.6 + 21.8 ng
g1), and foothills (34.8 + 20.2 ng g'1), but not the plains (27.5 + 15.2 ng g'!) and the
subalpine was significantly higher than the plains (p < 0.05).

Our litterfall THg concentrations aligned most with past studies (e.g., Fisher
and Wolfe, 2012; Gerson et al., 2017; Li et al., 2022) and supported our hypotheses.
The strongest predictor of litterfall THg concentrations was a quadratic relationship
of elevation with the interaction of month (p < 0.01; R2 = 0.21; Table S3-2). The
quadratic component of elevation alone predicted litterfall THg concentrations (p <
0.01; R2 =0.09), and was strengthened by including the interaction between
elevation and month (p < 0.01, RZ2=0.27). A linear relationship was observed
between elevation, month, and litterfall THg concentrations but the relationships
were all weaker (p < 0.05; R < 0.22). When only assessing sites below treeline
(removing the alpine site), the strongest predictor of litterfall THg concentrations
was the linear interaction between month and elevation (p < 0.01; R2=0.41). We

also found a weak significant positive linear relationship between THg litterfall
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concentrations and elevation (p < 0.01; R2 = 0.09), as well as when adding month as
a predictor (p < 0.01; R2 = 0.22; Table S3-2).

In June, litterfall THg concentrations were significantly higher in the
subalpine (84.3 + 11.1 ng g'!) compared to the plains (22.8 + 15.0 ng g'1; p < 0.05) and
marginally higher than the foothills (28.1 + 17.7 ng g1; p-value = 0.06). In July,
litterfall THg concentrations were significantly higher in the subalpine (80.4 + 23.8
ng g'!) compared to the plains (25.6 = 9.0 ng g'1) and alpine (22.4 ng g1, p < 0.05). No
other significant differences were observed among elevation zones for other
sampling months (p > 0.05, Fig. S3-1).

Within each elevation zone, no significant differences were observed for
litterfall THg concentrations across sampling months except in the subalpine,
where June (84.3 = 11.1 ng g'!) and July (80.4 + 23.8 ng g'1) were significantly
higher than August (36.7 + 19.4 ng g'1), September (23.7 + 4.3 ng g'1), and October
(22.8 + 6.3 ng g'1; p < 0.05). In general, litterfall THg concentrations in the spring
increased with elevation. However, by September and October, the concentrations

were generally highest in the mid-elevation zones (Fig. S3-2).
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Figure 3-2: Concentrations of total mercury (THg) in open precipitation and
throughfall (A) and litterfall (B) along the elevation gradient during the growing
season.

3.4.3 Vegetation
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Bulk aboveground vegetation THg concentrations ranged from 4.2 to 28.7 ng
g1 across the elevation gradient and were significantly higher in the alpine (22.3 +
7.6 ng g'1) compared to the plains (4.2 £ 0.1 ng g'1; p <0.01; Fig. 3-3A). Pools of THg
in bulk vegetation ranged from 0.05 pg m-2 to 2.8 ug m2and were significantly
higher in the alpine (2.5 + 0.4 pg m2) compared to the plains, montane, and
subalpine (0.1 — 1.0 ug m2; p < 0.05; Fig. 3-3B). Across the elevation gradient, THg
concentrations were highest in the leaf tissues of herbaceous plant species (10.0 +
4.2 ng g'!) compared to graminoid and shrub species (7.2 + 1.6 ng gl and 6.7 + 2.3 ng
g1, respectively; Fig. 3-3A), although the differences were not statistically
significant (p > 0.05). Averaged across all three functional groups, THg
concentrations were significantly higher in the foothills (11.6 + 4.2 ng g'!) compared
to the alpine (4.7 + 0.3 ng g'!) and on average higher than the montane (8.5 + 1.6 ng
g1), plains (8.3 + 2.1 ng g'1), and subalpine (6.7 + 1.9 ng g'1). Average THg
concentrations in combined herbaceous, graminoid, and shrub tissues along the
elevation gradient had a strong positive relationship with open precipitation
concentrations (p = 0.03; R2 = 0.75). Achillea millefolium THg concentrations ranged
from 6.0 to 13.2 ng g'! and generally increased with elevation; we observed
significantly higher concentrations in the alpine compared to the plains (p < 0.05;

Fig. 3-3D).
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Figure 3-3: Bulk vegetation concentrations (A) and pools (B), as well as
concentrations of THg in graminoid, herbaceous, and shrub functional groups (C),
and concentrations in Achillea millifolium (D).

3.4.4 Soil

Soil litter layer THg concentrations ranged from 32.2 to 47.7 ng g'! and were
significantly lower in the plains (33.5 + 1.7 ng g'1) compared to the foothills (39.4 +
0.0 ng g'1), subalpine (41.1 + 0.4 ng g'!), and alpine (44.7 + 3.5 ng g'1; p < 0.05; Fig.
S3-3A). Soil litter THg concentrations in the subalpine and alpine were also
significantly higher than the montane concentrations (34.3 + 1.0 ng g'1). Litter THg
concentrations have a positive relationship with elevation (p < 0.01; R2 = 0.57; Fig.
S3-3B; Table S3-2), as well as with Achillea millifolium THg concentrations (p <

0.01; R2=0.64).
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Soil O horizons on east-facing slopes were only present in the plains and
subalpine sites so patterns could not be analyzed across the entire elevation
gradient. THg concentrations at these sites ranged from 73 to 120 ng g1

Soil THg concentrations in the A horizon ranged from 19.9 to 92.0 ng g1 with
significantly higher concentrations in the alpine (66.3 = 25.3 ng g'!) compared to the
foothills (26.1 ng g'1; p < 0.05; Fig. 3-4A). THg concentrations in the A horizon were
most strongly correlated with percent N (p < 0.01; R2=0.69), SOM (p <0.01; R2 =
0.49), percent water content (p < 0.01; RZ = 0.45), and sulfate concentrations (p =
0.01; R2 = 0.29; Table S3-2). Supporting our hypothesis, we found a weak significant
relationship between soil THg concentrations and elevation (p < 0.05; R2 = 0.21; Fig.
S3-3) and soil litter layer THg concentrations (p < 0.01; RZ2=0.11). Combined,
percent water, SOM, and percent N significantly predicted THg concentrations (p-
value = 0.01; R2=0.61). When adding elevation as a predictor, the linear model was
no longer significant (p > 0.05). Soil THg concentrations had a significant positive
relationship with open precipitation fluxes (p = 0.02; R2 = 0.24), but no relationship
with throughfall THg concentrations or throughfall fluxes (p > 0.05). Interestingly,
soil A horizon THg concentrations had a slightly negative relationship with litterfall
fluxes (p = 0.05; RZ = 0.14) and open precipitation concentrations (p < 0.01; Rz = 0.3).
Finally, soil THg concentrations were positively related to vegetation THg pools
along the elevation gradient (p < 0.05; R2 = 0.26).

Soil THg pools in the top 5 cm of the A horizon ranged from 0.9 to 3.5 mg m-2
across the elevation gradient, and were highest in the alpine, although no sites were
significantly different from each other (p > 0.05; Fig. 3-4B). Similar to soil THg
concentrations, THg pools were best predicted by percent N (p < 0.01; R2 = 0.63),
SOM (p <0.01; R2=0.41), and percent water content (p < 0.05; R2 = 0.23; Table S3-

2). There was no significant relationship between THg pools and elevation (p > 0.05)
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or sulfate concentrations (p = 0.09, R2 = 0.12). Open precipitation fluxes weighted by
canopy cover had a significant positive relationship with soil THg pools (p = 0.02; R2
=0.21), but we did not observe a significant relationship with litterfall or
throughfall concentrations or fluxes (p > 0.05).

Soil THg normalized to SOM ranged from 0.15 to 0.52 upg Hg g SOM-1 and is
highest in the mid-elevation zones, with the montane zone (0.43 + 0.03 pg g'1)
marginally higher than the plains (0.25 + 0.09 pg g'1; p = 0.09; Fig. 3-3-3-4C).
Elevation did not significantly predict THg:LLOI across the gradient (p > 0.05), nor
did the other predictors including % water content, % nitrogen, sulfate
concentrations, or C:N. (p > 0.05).

Soil MeHg concentrations along the elevation gradient range from below
detection to 0.6 ng g1 (Fig. 3-4D), while soil MeHg concentrations normalized to
SOM were highest in the mid-elevation zones (Fig. S3-4). In both instances, none of

the sites were significantly different from each other (p > 0.05).
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Figure 3-4: Elevation gradient soil total mercury (THg) concentrations (A), THg
pools (B), THg normalized to organic matter (C), and soil methylmercury (MeHg)
concentrations (D). Lowercase letters show significance among the different sites.
Soil THg concentrations in the top 10 cm of the soil (A and O horizons
combined when present) ranged from 16.0 to 280 ng g1 and are significantly higher
on north-facing slopes (30.0—-280 ng g'!) compared to east- and south-facing slopes
(16-83 ng g'1; p < 0.05; Fig. 3-5A). Soil THg concentrations normalized to SOM
ranged from 0.15 to 0.52 ug Hg g1 SOM and generally decreased from the foothills
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to the subalpine but are not significantly different across aspects (p > 0.05; Fig. 3-

5B).
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Figure 3-5: Total mercury (THg) concentrations (A) and THg normalized to SOM (B)
for combined A and O horizons for different aspects in Foothills, Montane, and
Subalpine elevation zones.

3.4.5 Terrestrial Hg Fluxes

Average open precipitation Hg fluxes during the growing season were higher
in the plains (5.5 + 0.1 ug m-2), foothills (5.9 + 0.2 ug m2), and montane (5.8 + 0.4 ug
m-2) compared to the subalpine (3.6 + 0.2 ug m2) and alpine (4.3 + 0.3 ug m-2; Fig. 3-
6A and Table 3-1). Due to greater precipitation volumes at high elevation sites
during the winter months, annual THg fluxes were highest in the subalpine (13.6 +
0.5 ug m2) although the differences among sites were not large; they all fell between
12.1 + 0.4-13.6 +£ 0.5 ug m2 (Fig. 3-6B; Table 3-1). No significant relationship was
found between elevation and growing season or annual open precipitation THg
fluxes (p > 0.05).

Average growing season throughfall THg fluxes were highest in the montane
(4.3 £ 0.7 ug m2) and foothills (3.9 + 0.6 ug m2) and had a marginally significant
quadratic relationship with elevation (p = 0.05, Fig. 3-6A, Table 3-1). Average
annual throughfall THg fluxes were highest in the montane (13.6 + 1.6 ug m-2) and
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subalpine (12.7 + 1.7 ug m-2) and no significant relationship was found with
elevation ( (p > 0.05; Fig. 3-6B; Table 3-1).

Average growing season litterfall THg fluxes were highest in the subalpine
(5.2 £ 0.8 ug m2), lowest in the alpine (0.2 = 0.0 ug m2) and gradually decreased
from the montane to the plains (Fig. 3-6A). A similar pattern was observed for
average annual litterfall Hg fluxes with the greatest fluxes in the subalpine (6.5 +
0.8 ug m2) and a gradually decreasing trend from the montane (3.6 + 0.5 ug m2) to
the plains (2.8 + 0.8 ug m2; Fig. 3-6B). No significant relationship was found
between elevation and growing season or annual litterfall THg fluxes (p > 0.05). A
marginally significant relationship was found between both growing season (p =
0.08; R2=0.7) and annual (p = 0.06; R2 = 0.8) litterfall fluxes and elevation when

removing the alpine site.
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Figure 3-6: Fluxes of THg(oin litterfall, open precipitation, and throughfallfor the
growing season (A) and year (B) along the elevation gradient.

Percent canopy within each elevation zone was determined from analysis of
MODIS VCF data to be 13% in the plains, 32% in the foothills, 35% in the montane,
and 40% in the subalpine (Table S3-3). Growing season fluxes of THg weighted by
canopy cover were highest in the montane (6.2 ug m-2) and foothills (6.1 ug m2; Fig.

3-7A); whereas, annual fluxes of THg were highest in the subalpine (15.8 ug m=2)
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and montane (14.9 ug m2; Fig. 3-7B). Both growing season and annual fluxes of
THg were dominated by open precipitation, which made up 38 %—99 % of total
fluxes. When considering only the growing season, litterfall and throughfall fluxes
made up similar contributions to total fluxes, except for the subalpine. There,
litterfall was 37 % and throughfall only 25 % of total THg fluxes. When considering
annual fluxes, throughfall contributions (9-32 %) increased relative to litterfall
contributions (1-16 %). The quadratic component of elevation significantly predicts

average growing season and annual THg fluxes along the elevation gradient (p <

0.01).
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Figure 3-7: Canopy-weighted proportions of total mercury (THg) fluxes for the
growing season (A) and year (B) with the contribution of each flux indicated by
sample type color.

Average spatially modeled THg fluxes within each elevation zone were nearly
1dentical to canopy-weighted calculations, with the difference due to elevational flux
interpolation between sampling locations within the watershed (Table 3-1). Loads of
THg within each elevation zone ranged from 0.8 g Hg in the alpine to 2.7 g Hg in
the montane for the growing season (Fig. 3-8E), and 2.5 g Hg in the alpineto 6.5 g
Hg in the montane for the whole year (Fig. 3-8D; Table 3-1). Total loads of Hg into
the Boulder Creek Watershed were 8.8 g for the growing season and 21.9 g annually

(Table 3-1). Although modeled average fluxes at the elevational-zone scale were
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nearly identical to non-spatial calculations, our modeling demonstrated significant

within-zone spatial variation in Hg flux, primarily driven by variation in canopy

.
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Figure 3-8: Flux modeling schematic. (A) The Headwaters Boulder Creek
Watershed with sampling locations (pink circles) and elevation contours (pink
dashed lines) used for interpolation and spatial analysis. (B) Percent canopy cover
within the Headwaters Boulder Creek Watershed based on the MODIS VCF data
product. (C) Schematic illustrating the approach used for interpolation of mercury
(Hg) fluxes across elevation bands. Modeled annual (D), growing season (E), and
non growing season (F) Hg fluxes across the Headwaters Boulder Creek Watershed
based on interpolated fluxes and canopy cover.
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Table 3-1: Open precipitation, throughfall, and litterfall fluxes (ug m2, unless otherwise stated) for both the growing
season and full year. “Unweighted” values represent fluxes not taking into consideration percent canopy cover while

“canopy-weighted” values are adjusted to account for percent canopy cover.

Open Open
precipitation precipitation
unweighted canopy-weighted Open precipitation Open precipitation Open precipitation  Open precipitation
Elevation growing season growing season % total growing unweighted annual canopy-weighted % total annual
Zone fluxes fluxes season inputs fluxes annual fluxes inputs
Plains 55+0.1 4.8 87% 12.8+0.2 11.2 88%
Foothills 5.9+0.2 4.1 66% 13.4+0.3 9.1 68%
N Montane 5.8+0.4 3.8 61% 13.5+0.5 8.8 59%
Subalpine 3.6 +0.2 2.2 38% 13.6 £ 0.5 8.1 51%
Alpine 4.3+0.3 4.3 99% 12.1+0.4 12.1 98%
Throughfall Throughfall
unweighted canopy-weighted = Throughfall % total Throughfall Throughfall
growing season growing season growing season unweighted annual canopy-weighted Throughfall % total
fluxes fluxes inputs fluxes annual fluxes annual inputs
Plains 3.6+0.8 0.5 8% 10.3+£ 0.7 1.2 9%
Foothills 3.9+0.6 1.3 21% 10.0+1.1 3.2 24%



&L

Montane 4.3+0.7 1.5 24% 13.6+1.6 4.8 32%
Subalpine 3.5+0.8 1.4 25% 12.7+ 1.7 5.1 32%
Alpine
Litterfall
unweighted Litterfall canopy- Litterfall % total Litterfall Litterfall canopy-
growing season weighted growing growing season unweighted annual weighted annual Litterfall % total
fluxes season fluxes inputs fluxes fluxes annual inputs
Plains 2.1+£0.8 0.3 5% 2.8+0.8 0.3 3%
Foothills 25+0.9 0.8 13% 3.4+£0.9 1.1 8%
Montane 2.6+0.5 0.9 15% 3.6+0.5 1.3 9%
Subalpine 52+0.8 2.1 37% 6.5+0.8 2.7 16%
Alpine 0.2+0.0 0.2 1% 0.2+0.0 0.2 2%
Total canopy- Modeled total
weighted canopy-weighted Total canopy- Modeled total
growing season growing season weighted annual canopy-weighted Growing season Annual total Hg
fluxes fluxes fluxes annual fluxes THg loads (g) loads (g)
Plains 5.5 5.5 12.8 13.0 1.1 2.7
Foothills 6.1 6.1 13.4 12.9 2.2 4.6
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3.4.6 Chickadees

Methylmercury concentrations in chickadee feathers ranged from 38.9 to
551.4 ng g1 across the elevation gradient and were significantly higher in the mid-
elevation zones (205 + 155 ng g'!) compared to other elevations (p < 0.01; Fig. 3-9
and S5). The quadratic component of a GLM with elevation as a predictor was
significant (p < 0.01; AIC = 36), but the linear component was not (Table S3-1).
Chickadee MeHg concentrations were best predicted by a positive relationship with
throughfall THg fluxes (GLM; p < 0.01; AIC = 7) and had a significant positive
relationship with precipitation fluxes (p = 0.01; AIC = 20) and throughfall
concentrations (p = 0.03; AIC = 21). A model combining the quadratic component of
elevation and all input concentrations and fluxes provided a model fit with an AIC

of -9 and all components were significant (p < 0.05).

3.5 Discussion

In this study, we provide a comprehensive evaluation of Hg cycling across a
semi-arid mountain elevation gradient in the Colorado Rocky Mountains. The
findings from this research demonstrate that in addition to elevation,
environmental gradients in vegetation cover, precipitation, and aspect play
important roles in Hg cycling. Here, we discuss the primary patterns and drivers of
Hg distribution in our study and the implications for MeHg bioaccumulation. We
end by characterizing the Hg cycling role of different elevation zones within semi-
arid western U.S. mountain ecosystems and highlight areas for future research.
This work pieces together a coherent assessment of the relative important of
different pathways of Hg cycling and compares our observations in the Colorado

Rocky Mountains to mountain regions elsewhere.
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3.5.1 Air Mass Source and Tree Cover Mediate Terrestrial Inputs of Hg in

Mountain Environments

Contrary to past studies in mountain environments (e.g., (Blackwell and
Driscoll, 2015; Fu et al., 2016; Gerson et al., 2017; Table S5), we found elevated
TGM and THg fluxes in open precipitation at lower elevations along our study
gradient (Fig. S3-1A and Fig. 3-2A), likely due to local Hg sources from the Denver
Metropolitan Area. Local point sources combined with meteorological conditions in
the Colorado Front Range can drive pooling of pollutants in lower elevation regions,
particularly in the summer (Flocke et al., 2020). This is supported by the more
depleted 6202Hg observed at our plains site compared to other regions, which is
indicative of industrial Hg sources (Fu et al., 2016; Tate et al., 2023, Fig. S3-1C).
Indeed, elevated TGM concentrations and open precipitation Hg fluxes are likely
driven by five coal-fired power plants within a 250 km radius of our study site, as
well as a variety of other pollution sources from oil and gas processing and vehicular
emissions (Hornbrook et al., 2017).

Smoke intrusions from Canadian wildfires and above average precipitation
volumes may also have contributed to elevated TGM and open precipitation THg
fluxes at lower elevations. During spring 2023 (particularly May 18-24th), the city of
Boulder, CO recorded air PM2.5 of 140 ug m3 from a smoke plume transported
south from Canada (UCAR, 2023). Wildfire smoke is known to transport high
concentrations of Hg in various forms, including TGM (McLagan et al., 2021). The
2023 plume only reached our lower elevation sites (i.e., <2,500 m) and was not
observed at our higher elevation sites, potentially contributing to the pattern of
greater Hg in the air and open precipitation at lower elevations. This again is
supported by lower 6202Hg observed in our plains site, particularly during the

month of May, which is associated with Hg transported in smoke plumes (Richter et
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al., 2023). In addition to higher Hg concentrations at lower elevations, Spring 2023
was characterized by intense precipitation events <2,500 m in Boulder County that
increased precipitation volumes by 170 and 260 % compared to the past 30-year
average in May and June, respectively (NOAA Physical Sciences Laboratory, 2024;
Table S3-3). Comparatively, precipitation in the alpine and subalpine zones was
lower than average. The higher-than-average lower elevation precipitation volumes
likely contributed to the higher fluxes of THg in open precipitation that we observed
during our sampling period.

We expect that changes in forest structure and composition drove patterns of
THg fluxes in litterfall along the elevation gradient. The transition from sparse
Ponderosa Pine forests in the plains to dense Engelmann Spruce and Subalpine Fir
forests in the subalpine likely drive significant increasing trends in litterfall THg
concentrations and fluxes with elevation, with the highest litterfall loads in the
subalpine (Table S3-3). Despite comparable THg concentrations to past studies,
litterfall THg fluxes in our study (3.3 + pg m2 yr-!) were generally lower than rates
found in the Adirondack Mountains (7.0 + 0.8 pg m2yr1), Tibetan Plateau (4.1 —
38.5 pg m2yrl; Liet al., 2022), Swiss Alps (25.0 + 0.28 pg m2yr1), and Great
Smoky Mountains (10.3-29.3 pg m2 yr-!) due to lower litterfall masses in the
mountain coniferous forests compared to these sites (Table S3-3). (Fisher & Wolfe,
2012; X. W. Fu et al., 2010; X. Li et al., 2022). Therefore, litterfall is less important
for THg fluxes in the U.S. mountain west than other mountain environments
previously studied.

Integrating open precipitation and tree cover characteristics, throughfall
concentrations and fluxes were highest in mid-elevation zones. Elevated throughfall
concentrations may be driven by greater dry deposition since open precipitation

concentrations were not higher in this elevation zone. Greater dry deposition may
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be the result of increasing canopy cover and shifts toward tree species that have
denser canopies that can sorb more Hg onto their surfaces. The higher fluxes of THg
in throughfall is likely due to both higher concentrations in throughfall, as well as
increasing precipitation volumes.

Interestingly, throughfall concentrations in our study were notably higher
than past studies (Blackwell et al., 2014; Fisher and Wolfe, 2012; Fu et al., 2010;
Gerson et al., 2017; Lawson et al., 2003; Table S5). This difference is likely due to
the episodic nature of rain events in the western U.S. Concentrations of Hg in
throughfall increase with the duration of dry weather preceding the rain event
(Choi et al., 2008 and Rea et al., 2002 from Blackwell 2014). For example, Blackwell
and colleagues (2014) found that throughfall concentrations in the Adirondack
Mountains were significantly higher in 2010 (~28 ng L.'!) when rain events were
more episodic and intense compared to more consistently rainy conditions in 2009
(~14 ng Li'Y). And although TGM concentrations were relatively low in our study,
Hg(II) concentrations (which we did not measure) have been shown to increase
during periods of warm air temperatures and dry weather (Han et al., 2004 from
Blackwell 2014). Conifer needles with high needle surface area are highly efficient
at sorbing Hg(II) onto their needle surfaces during these dry periods, which can lead
to high concentrations of THg in throughfall. This result may also explain the
quadratic relationship between throughfall THg concentrations and elevation since
Pinus contorta forest cover within the mid-elevation zones have denser canopy
structure than Pinus ponderosa forests at lower elevation leading to greater
throughfall interception and Hg wash off in those mid-elevation regions (Battaglia
et al., 2018).

Despite higher throughfall concentrations, fluxes of THg in throughfall fell

within a similar range to past studies due to generally lower precipitation volumes
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at our sites (Table S5). It is well documented that precipitation volumes under
canopy is reduced due to canopy interception (Dohnal et al., 2014) and this effect
may be exaggerated in semi-arid western U.S. mountain ecosystems where intense
heat and sunlight prior to short, intense storms results in a considerable portion of
the precipitation evaporating from foliar surfaces rather than passing through to
the soil beneath (Andreasen et al., 2023). This reduced throughfall volume was
observed anecdotally during our study, when direct precipitation collectors would
fill completely during one afternoon storm event while throughfall collectors would
receive negligible inputs during the same storm and take four times as long to fill in
some instances. Only during sustained or closely coupled storms did the throughfall
collectors receive inputs comparable to direct precipitation collectors. In regions like
the eastern U.S. where storms persist for longer periods of time, throughfall
volumes are more likely to mirror open precipitation volumes. However, in the
Western U.S., storms are often of much shorter duration, so precipitation volumes
in throughfall are likely to be much smaller than open precipitation and therefore
significantly impact total input fluxes of Hg.

As far as we are aware, THg fluxes in open precipitation, throughfall, and
litterfall have not previously been measured in parallel within a semi-arid Western
U.S. mountain ecosystem. Our study, therefore, provides a first assessment of the
dominant pathways for Hg inputs in this region. Total annual inputs of Hg—
litterfall, open precipitation, and throughfall weighted by canopy cover—were on
the lower end of the range of fluxes observed in the eastern U.S. (14-44 ug m2yr1,
Blackwell and Driscoll, 2015; Table 3), and showed a similar pattern of increasing
fluxes with elevation below treeline. In contrast to trends observed in hardwood
forest ecosystems, Figures 6C-D and Figures 8 illustrate how open precipitation and

throughfall were the dominant input of THg across the elevation gradient. Although
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litterfall is often considered the largest input of Hg into forested ecosystems (Zhou
et al., 2021), most of these studies are based in deciduous forests. Our data suggest
that in semi-arid mountain regions, precipitation in the form of both open
precipitation and throughfall are the dominant sources of Hg to terrestrial
ecosystems, a finding supported by Blackwell and colleagues (2014) from coniferous
stands of the Adirondack Mountains. Shifts in dominant fluxes from open
precipitation at the lower elevations to throughfall combined with litterfall in the
mid-elevations is likely a reflection of changes in tree cover density and type with
increases in elevation.

Differences in the proportions of THg inputs in our study compared to past
studies may also be attributed to assumptions around canopy cover extent. Past
studies have assumed forested regions have 100 % canopy cover and thus calculate
total Hg inputs by summing litterfall and throughfall fluxes. In our study, we
accounted for the patchiness of canopy cover across the elevation gradient by
weighting fluxes of open precipitation and fluxes of throughfall combined with
litterfall to percent canopy cover. We contend that our approach provides a more
accurate estimate of THg fluxes and the relative proportion of the different
pathways. In doing so, we demonstrate that open precipitation is an important
input of THg into semi-arid coniferous mountain ecosystems. Our result supports
recent findings that bioaccumulation of Hg within dragonflies in arid regions of the
Western U.S. is derived primarily from open precipitation rather than litterfall Hg
sources (Janssen et al., 2024).

The results from our modeling approach further support the importance of
accounting for the patchiness of canopy cover within Western U.S. mountain
ecosystems. We observed that localized spatial variation of THg fluxes within each

elevation zone was primarily controlled by forest canopy dynamics and patterning,
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demonstrating the importance of integrating broad-scale data on terrestrial
ecosystem dynamics with climatic and topographic controls on Hg inputs. Accurate
modeling of THg fluxes at broad ecosystem scales will require further investigation
of the impact of forest structure and species composition on Hg dynamics, in
addition to the role of non-tree (e.g. shrub, herbaceous) throughfall and litterfall in
Hg fluxes. Shifts in forested ecosystems driven by climate change and climate-
related events, such as forest-to-shrubland state transitions initiated by

disturbance events, will have long-term impacts on localized THg accumulation.

I ! | I
| o : |
|
. 60 ng g'l : “%, 65 ng g" : 205 ng g : €. 91 ng g'l :
! ' I ! 21
12.8 pg m?yr’! I 13.4 pgm2yr! : 14.9 ug m2 yr' : 15.8 ug m? yr! : 12.3 pgm™“ yr
| | 1
6 i H L i ; o I s |
RV I | X T ! LA
| | : oY |
! | . | el i
| ¥ | | g A
i B~ | e |
o : | raide | ; l
n | e A |
e | s S e -
e i R | '
’»ﬁ | | !!'-' | gt :," i
B I | S laT ! v
ord i et Dk 26 8.1 [
o Sy | l Voo N
o2 s | l ; 838 : N
L = | :
0 12 112 | J |
| | |
| | !
0.53 pg m~ Nl l ! !
| |
1.7 mg m™2 : ! i E
Plains:1830m | Foothills: 2020m : Montane: 2500m : Subalpine: 3200m : Alpine: 3500m

Figure 3-9: Schematic representing air THg concentrations, chickadee MeHg
concentrations, annual THg fluxes (blue gradient), as well as the individual
components of fluxes (litterfall (green gradient), thoughfall (teal gradient), and open
precipitation (blue gradient)) bulk vegetation THg pools (green gradient), and soil
THg pools (brown gradient). Darker colors and thicker arrows represent higher
values.
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3.5.2 Storage of Hg in Vegetation and Soil is Driven by Multiple Abiotic

and Biotic Factors

The significantly higher concentrations and pools of THg in bulk vegetation
from the alpine zone was unexpected, but is likely a result of shifts in plant species
toward non-vascular, long-lived species, such as Silene acaulis and Sedum
lanceolatum, that absorb high concentrations of Hg over time (Pleijel et al., 2021,
Fig. 3-3A and Fig. 3-9). Similarly, in the Artic, Olson and colleagues (2019) found
substantial Hg mass in aboveground biomass (29 pg m-2) due to a high abundance of
nonvascular vegetation. Greater aboveground biomass in the foothills, as well as
slightly more elevated biomass THg concentrations, drove the significantly higher
THg pools in the foothills region compared to the subalpine. We also observed
elevated Hg in the foothills in the three main plant functional groups, which may be
driven by the elevated TGM air concentrations observed at lower elevations since
the primary mechanism for Hg accumulation in plants is through stomatal uptake
of GEM during photosynthesis (Jiskra et al., 2015).

Increasing THg litterfall fluxes along the elevation gradient may explain the
elevated THg concentrations observed in soil litter across this gradient. This did not
translate to the A soil horizon, though, where instead we observed significantly
higher THg concentrations and pools in the alpine and no clear patterns below
treeline (Fig. 3-4A-B and Fig. 3-9). Elevated concentrations and pools of THg in
alpine soils can be attributed to colder air temperatures driving slower soil C
turnover compared to lower elevation sites and have been documented previously
(Blackwell & Driscoll, 2015; H. Zhang et al., 2013). The lack of pattern in THg pools

below treeline is likely due to a strong correlation between THg and % water
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content, SOM, and % N along the gradient, all variables that do not vary
significantly with elevation. Likely, this result was due to patterns in SOM whereby
wetter areas promote slower C turnover leading to SOM accumulation, which is
composed of N species and binds efficiently to THg in soils. This hypothesis is
supported by the fact that no environmental predictors are significantly correlated
with THg pools once normalized to SOM.

The importance of SOM for driving THg concentrations across mountain
ecosystems extends beyond elevation patterns. Although our main study sites were
on east-facing slopes, we also sampled on north- and south-facing slopes in the
foothills, montane, and subalpine to assess the impact of aspect on THg
concentrations within soil. Reduced solar radiation and higher soil moisture on
north-facing slopes leads to greater forest and plant cover compared to east- and
south-facing slopes (Littell et al., 2008). These differences lead to the development
of soil O horizons on north-facing aspects which have much higher C content and
are therefore more efficient at binding Hg within the soil. This pattern led to
significantly higher concentrations of THg within the upper 10 cm of soil on north-
facing slopes across all elevation gradients compared to south- and east-facing
slopes (Fig. 3-5A). These aspect patterns are somewhat intuitive and have been
observed in other mountain environments (e.g., H. Ma et al. 2022), but we highlight
them here as they could have broader implications in the context of disturbance in
western U.S. mountain ecosystems. For example, the western U.S. is experiencing
increasing frequency and intensity of wildfire activity (Abatzoglou & Williams,
2016) and when a wildfire burns through a mountain ecosystem, the aspect where
the burn occurs could dramatically alter the amount of Hg released from the surface
soil layers. Moreover, difference in tree species across aspects also influences how

much Hg is released from forested ecosystems during wildfire with coniferous
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forests shown to release more Hg compared to deciduous, aspen forests (Biswas et
al., 2007; Webster et al., 2016). This aspect dependence marks an important area
for future research under increasing wildfire conditions.

The ultimate concern regarding THg within an ecosystem is its conversion to
MeHg and bioaccumulation. Although only six of our 20 soil MeHg concentration
samples fell above the detection limit of our instruments, the range of values (< DL—
0.6 ng g'!) was similar to values measured in the Adirondack Mountains of the
eastern U.S. where concentrations were highest in mid-elevation coniferous zones
(Gerson et al., 2017). While our sample size was too small for further analysis, the
soil MeHg concentrations that were above detection were from the mid- and high-
elevation zones. In general, this result suggests variable methylation potential
within semi-arid upland mountain soils and a larger sampling design is needed for

further investigation.
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Table 3-2: Study Comparison of Air, Inputs, Vegetation, Soil, and Organism THg Concentrations, Fuxes, and Pools.

Site References Sample Type (average + STD (range))
Air
Air THg
concentration
(ng m?)
Rocky
. . 0.97 £ 0.20
Mountains, This study (0.69 - 1.41)
U.S.
Miaoling
Mountain Fu et al., 2.8+ 1.51
Range, 2010 (0.41 - 23.9)
China
Mt Ailao, Lietal., 17
China 2022 ’
Rocky

Obrist et 1.51+0.12 (

Mountains,
Us. al., 2008 1.06 - 2.15)
Rocky
lountains, ~ D°TLY €t 1.25+0.11
Co al., 2024
O U.S.
Inputs
Open Open Throughfall
precipitation o Throughfall  Litterfall THg Litterfall
Total fluxes precipitation THg .
THg . THg flux concentration THg fluxes
(ug m2 yr1) concentration THg flux concentration (ug m2 yr-) (ng ) (ug m2 yr-1)
-2 -1 -1
(ng L) (ug m2 yr) (ng L1)
Rocky
. . 21.8+5.2 (6.7 44.8+ 18.8 34.8 +24.1

Motgltsalns, This study 14.2+1.9 - 34.0) 13.1+0.4 (14.7 - 98.7) 11.5+1.2 (75 - 110) 3.3 £0.7
Adirondack  Blackwell
Mountains, etal, 5.3 ii1i36- 83 60.75 1 ii; ; 21T 101 - 26.9)

U.S. 2014 ’ ’
Adirondack  Blackwell
Mountains, et al., 14.1-44.0 3.9-11.2) (8.6 - 40.1) (4.9 -18.1) (5.3-16.3)

U.S. 2015
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Great
Smoky
Mountains,
U.S.
Miaoling
Mountain
Range,
China

Adirondack
Mountains,
U.S.

Swiss alps

Green
Mountains

Mt Ailao,
China

Shergyla
Mountain,
Tibetan
Plateau

Southwest
China

Fisher et
al., 2012

Fu et al.,
2010

Gerson et
al., 2017

Huang et

al., 2023

Lawson et
al., 2003

Lietal.,
2022

Liu et al.,
2019

Zhou et
al., 2018

17.8 (9.8 - 3.2 (1.6 - 17.9 (10.3 -
6.03 £ 0.54 22.6) 5.6) 37.2 - 62.9) 29.3)
4.0 (1.2 - 30.8) 6.1 8.9 (2.8 - 32.5) 10.5 91 (67 - 110) 39"30(167)'6 i
7.3+0.3
(just the 8.5+0.7
18+3 8.1+1.9 growing 12.4+0.9 (4.5 - 11.0) (31-67) 7.0+0.8
season)
(10.5 - 350) 25.0 £ 0.28
17.5+6.6 (9.9
- 33.3) 16
48.7+17.5 16.6 £ 7.8
(15.8-118.9) (4.1 - 38.5)
9.5+ 3.3 (6.0 -
15.9)
85+ 12 (71 -
108) 40.5
Vegetation and Soil
Soil litter . . . . . .
Bulk Bulk Soil O horizon Soil O Soil A horizon Soil A Soil A
. . layer THg . . ot
vegetation vegetation concentratio THg horizon THg horizon THg Horizon
concentration pools n ! concentrations  THg pools concentration pool MeHg
(ngg?) (ng m2) (ng g1) (ngg?) (mg m=2) (ngg?) (mg m?2) cone

(nggt)
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Rocky
Mountains,
U.S.

Adirondack
Mountains,
U.S.

Adirondack
Mountains,
U.S.

Borneo
Mountains

Serra do
Mar
Mountains,
Brazil

Adirondack
Mountains,
U.S.

Shergyla
Mountain,
Tibetan
Plateau

Qinling
mountains,

China

Qinling
mountains,

China

Catskill
Mountains,
U.S.

Himalayas,
Nepal

Southwest
China

This study

Blackwell
et al.,,
2014

Blackwell
et al.,,
2015

Brearley
et al.,,
2023

Drummon
d et al.,,
2022

Gerson et
al., 2017

Liu et al.,
2019

Ma et al.,
2021

Ma et al.,
2022

Townsend
et al.,,
2014

Tripathee
et al.,,
2019

Zeng et
al., 2022

85+7.8(4.2-
28.7)

846 + 923 (8.6
- 2754)

38.5+4.8
(32.2 - 47.7)

74 +£33(32-
200)

40.9+£20.8

98.0+18.8
(73 - 120)

156 - 337

71 + 36 (30 -

166)

(65 - 503)

13.9

4.0-6.1

415+19.8
(19.9 - 92.0)

84 + 20

(72 - 598)

227 (35.0 -
876)

250.7+79.4
(119.4 - 443.6)

51.2 +15.9
(18.7 - 69.8)

54.8 + 31.2
(10.7 - 112.2)

34+ 17 (10 -
83)

35.8 4+ 24.2
(3.8-105.7)

(24.3 - 230)

1.7£0709 O12%
3.5) 0.2 (<
-3 DL -
0.6)
2.9
0.17 -
0.39)
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Southwest
China

Southwest
China

Rocky
Mountains,
U.S.
Serra do
Mar
Mountains,
Brazil
Qinling
mountains,
China
Adirondack
Mountains,
U.S.
Catskill
Mountains,
U.S.

Catskill
Mountains,
U.S.

Zhang et
al., 2013

Zhou et
al., 2018

This study

Drummon
d et al.,,
2022

Ma et al.,
2021

Sauer et
al., 2020

Townsend
et al.,,
2014

Townsend
et al.,,
2014

91+1 220 + 29

Biota

190 (70 - 380)

127+ 4

Organism
type

Chickadee
blood
equivalent

Amphibian
tissues

Non-volant
mammals

Song bird
blood Hg conc

Thrushes
blood Hg

Whole
salamander

Organism
MeHg
concentration

(ng g)
5.1+3.0(2.3-
14.8)

126.1 £ 85.4
(50.3 - 492.6)

43.0 + 35.0
(8.3 - 183.0)

(18 - 112)

(58 - 110)

169+ 2.1



3.5.3 MeHg Bioaccumulation in Birds is Associaciated with Throughfall

Concentrations

Although the storage of THg is greatest in high-elevation zones, we did not
observe elevated bioaccumulation within the alpine zone. Rather, greater annual
fluxes of THg, as well as greater contributions from throughfall and litterfall,
appear to drive the elevated MeHg bioaccumulation observed in mid-elevation
zones. This suggests that “fresher” Hg sources in atmospheric deposition are more
important for driving terrestrial Hg bioaccumulation compared to Hg stored in soils,
an observation that is supported by work from Bishop and colleagues (2020). As
1llustrated in Figure 9, more extensive canopy cover and larger proportions of
atmospheric inputs from litterfall and throughfall likely make the soil conditions in
the mid-elevation zones more conducive to MeHg formation by providing a labile
source of C, as well as inorganic Hg to methylating microbes (Grigal, 2003). This
pattern was also found by Sauer and colleagues (2020) who observed elevated MeHg
concentrations in songbirds at mid-elevation zones in the Adirondack Mountains.
They attributed this pattern to elevated atmospheric Hg deposition in these
elevation zones, and conversion to MeHg within soils (Sauer et al., 2020).

While soil THg concentrations and pools did not predict MeHg concentrations
in chickadees, THg normalized to SOM explained 21 % of the variation and was
marginally significant (GLM, p = 0.07). A higher ratio of THg to SOM generally
indicates more labile Hg that is available for methylation. Although most of our soil
samples were below detection for MeHg concentrations, the samples that were
above detection were in the mid- and higher elevation zones (Fig. 3-2). Therefore, it

is possible that higher fluxes of THg in throughfall in mid-elevation zones drives
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higher concentrations of bioavailable Hg and methylation in the soil, which leads to
greater contamination and bioaccumulation within terrestrial wildlife, as seen in
our chickadee MeHg concentration data.

To assess the broader extent of elevated THg:SOM in mid-elevation zones, we
analyzed a subset of USGS soil THg data (C. I. Olson et al., 2022) from within the
Rocky Mountain region. Although there were no significant patterns, the highest
values of soil THg:SOM were in mid-elevation zones like our study (Fig. S3-6).
These findings are important to consider in the context of Hg contamination for
mountain wildlife since species richness tends to be highest in mid-elevation zones
in mountain ecosystems for a variety of animals including reptiles, birds, and
mammals (Y. Ma et al., 2021). Although our chickadee concentrations are not
within levels of concern previously established for songbirds (Ackerman et al.,
2016), this dataset is important to establish a baseline for environmental and
montane fauna that can be monitored as changes from policies implemented by the
Minamata Convention on Mercury intersect with climate change over the coming

decades.

3.5.4 Synthesizing Hg Dynamics Across Ecosystems of Semi-Arid U.S.

Elevation Gradients

Although elevation only explained a portion of the Hg patterns observed in
our study, some general themes emerged for different elevation zones within semi-
arid mountain ecosystems. In the alpine, significantly higher pools of THg within
soils and vegetation highlight the role these regions play in storing Hg. Although
inputs of Hg into alpine zones are lower than other elevation zones, the slow

turnover of carbon in high-elevation soils results in the accumulation of Hg over
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time. Additionally, longer-lived plants that do not shed leaves annually (e.g., Silene
acaulis) allow for Hg to accumulate at higher concentrations within plant tissues
providing another storage mechanism. Indeed, Mast and colleagues (2005) found
that alpine regions of Rocky Mountain National Park act as a sink for Hg, storing
up to 80 % of atmospherically deposited Hg annually. Although alpine zones store
more THg compared to lower elevations, these regions appear to have minimal risk
for contamination and bioaccumulation, likely due to the Hg being bound up within
older, less labile organic carbon compounds. With continued climate change and
warming, however, alpine regions are likely to experience increased thawing of
permafrost features and greater mineralization of carbon within soils (D’Alo et al.,
2021), which may lead to greater release of Hg downstream, as well as methylation
and subsequent bioaccumulation within local wildlife. While this phenomenon is
being studied extensively in the Arctic region (Schaefer et al., 2020), the release of
Hg from previously recalcitrant soil pools in semi-arid mountain ecosystems is
poorly understood and marks an important area for future research.

Mid-elevation zones within semi-arid mountain ecosystems appear to be the
regions most at risk to Hg contamination with the greatest total annual inputs of
THg, throughfall concentrations, fluxes of throughfall and litterfall, Hg:SOM ratios,
and MeHg bioaccumulation in songbirds observed in this zone. Higher soil MeHg
concentrations and bioaccumulation within mid-elevation zones has been
documented across a range of mountain ecosystems (Y. Ma et al., 2021; Sauer et al.,
2020) and may be due to cloud cap dynamics whereby the lower limit of clouds—
which have the highest concentration of contaminants—tend to intercept mountain
ranges at mid-elevations. This pattern has been documented for Hg (Brearley et al.,
2023), as well as other compounds such as ammonium in the Colorado Front Range
(Heindel et al., 2020). Although concentrations of MeHg in our chickadee feathers
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are below previously established benchmarks for health risks in songbirds (Sauer et
al., 2020), continued monitoring of songbirds, as well as other terrestrial species,
within these mid-elevation zones will be important in the context of future climate
change and policy implementation.

Finally, lowerelevation zones are dominated by atmospheric deposition via
open precipitation and have the highest THg air concentrations, likely as a result of
local pollution sources. This pattern is mirrored in plant THg concentrations but not
in soil pools. This observation may be due to elevated evasion of THg from soils back
to the atmosphere in lower altitude areas where there are warmer air temperatures
and greater solar radiation. Both of these factors promote Hg volatilization and
could reduce the long-term storage and bioaccumulation of Hg at lower-elevations

(Eckley et al., 2016).

3.6 Conclusions

In this study, we provide a comprehensive evaluation of Hg cycling across a
semi-arid mountain elevation gradient in the Colorado Rocky Mountains. Our
findings reveal that elevation does not play the only role in determining Hg cycling
within ecosystems across a mountain gradient. Fluxes of THg were highest in the
mid-elevation zones and were dominated by open precipitation, with increasing
contributions from litterfall and throughfall in the mid-to-upper elevations. Storage
of Hg in soils did not mirror atmospheric deposition and instead was highest in the
alpine zone due to strong correlations with SOM. Methylmercury concentrations in
chickadee feathers peaked at mid-elevation, likely reflecting greater throughfall
fluxes from increased coniferous canopy cover. The findings of this study underscore

the complexity of Hg retention and cycling mechanisms in mountain environments,
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where elevation and climatic factors interplay with ecological processes to dictate
Hg storage and bioavailability.

While this work establishes a crucial baseline for understanding Hg cycling
in high-elevation ecosystems, significant questions remain. Future studies should
focus on quantifying soil-atmosphere TGM fluxes to address uncertainties in
atmospheric re-emission rates. Investigations into Hg dynamics during extreme
climate events, such as rapid snowmelt and wildfires, will enhance predictions of
Hg mobility under changing environmental conditions. Additionally, the role of
vegetation shifts in response to climate change, particularly the encroachment of
subalpine vegetation into alpine zones, warrants further exploration to assess
implications for Hg fluxes and storage patterns. By addressing these knowledge
gaps, future research will enhance our understanding of mountain ecosystems as
critical components of global Hg cycling, ultimately improving projections of Hg

dynamics in the context of ongoing climatic change.
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CHAPTER IV

CLIMATE-DRIVEN SULFATE EXPORT IN ALPINE WATERSHED MAY

STIMULATE METHYLMERCURY PRODUCTION

Adapted from Environmental Research Letters submission:

Hannah R. Miller, Charles T. Driscoll, Sarah E. Janssen, Eve-Lyn Hinckley

4.1 Abstract

Climate change is increasing sulfate export and wetland extent in mountain
regions. These changes may increase microbially-mediated production of the
neurotoxic substance, methylmercury due to enhanced sulfate metabolism in
mountain environments. Here, we assess methylmercury concentrations and
formation rates across high-elevation wetlands in the Colorado Rocky Mountains.
We also investigate sulfate controls on methylmercury production within subalpine
peatlands by amending soils with sulfate additions to mimic increased stream
export of sulfate from the alpine zone and measuring methylmercury formation
rates for different sulfate treatments. We found that subalpine peatlands have
significantly higher methylmercury concentrations and formation rates compared to
alpine, mineral soil wetlands. We also found methylmercury production in
subalpine peatlands increased significantly (p < 0.05) following sulfate additions;
the highest rates occurred in sediments with intermediate extractable sulfate
concentrations (~ 0.60—1.4 mg sulfate g-1 dry soil) and rates decreased above and
below this range. Our study is the first to identify soil sulfate-related thresholds for

methylmercury production and sulfate-limitation of methylmercury production in
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subalpine peatlands. These findings highlight important linkages between climate-

driven mineral weathering and Hg cycling in mountain regions globally.

4.2 Introduction

Mountain ecosystems are disproportionately influenced by climate change,
which is causing increasing air temperatures and shifts in the amount and timing of
precipitation events (Hock et al., 2019). Two lesser-known consequences of climate
change in mountain regions include elevated sulfate export due to accelerated
mineral weathering (Crawford et al., 2019) and changing wetland extent, both
associated with thawing ice features (Dangles et al., 2017). Taken together, these
trends may pose a notable risk of increased production of the neurotoxic substance
methylmercury (MeHg, Fig. 4-1).

Globally, there 1s a well-documented increase in sulfate mobilization in runoff
from mountain ecosystems (Crawford et al., 2019; Table S4-1) that results from
climate-driven accelerated weathering of sulfide-bearing minerals, such as pyrite.
These minerals are widespread in mountain settings (Craig & Vokes, 1993), as
hydrothermal activity and metamorphism during mountain formation provide
conditions conducive to the formation and concentration of sulfide deposits (Wilson
et al., 1967). Some of the largest sulfide-rich ores in the world are located in high-
elevation ecosystems such as the Cordillera Blanca of the Peruvian Andes
Mountains (Santofimia et al., 2017) and are easily weathered when exposed to
water and oxygen (Heil et al., 2022; R. Murphy & Strongin, 2009; Ross et al., 2018).
This process produces sulfuric acid, which drives weathering and produces sulfate
(Heil et al., 2022). The effects of climate change, including changes in precipitation
and thawing of ice features, accelerate the exposure of fresh mineral surfaces,
including sulfide-bearing minerals, and enhance weathering in mountain regions
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(Calmels et al., 2007; Darmody et al., 2007; Todd et al., 2012). Compilation of
sulfate export trends from over 150 high-elevation alpine streams and lakes (Fig.
S4-1(a)) shows increasing trends ranging from 20—-2000% over the past several
decades as the result of a warming climate (Table S4-1). Sulfate concentrations at
these sites range from 0.2—-600 mg sulfate (SO42-) L-1.

Particularly in glaciated watersheds, increasing air temperatures are
associated with the expansion of wetland extent and greater hydrologic connectivity
to downstream regions (Dangles et al., 2017; Polk et al., 2017). Wetlands are found
in mountain landscapes globally, and, generally, increase in areal extent and
density with elevation (Cooper et al., 2012). As glaciers, permafrost, and other ice
features thaw, more water is released downslope, and a more topographically
heterogeneous landscape is exposed, promoting wetland development in the alpine
(Dangles et al., 2017; Riithland et al., 2006). Alternatively, at lower-elevations in
mountain environments, increasing air temperatures (Pepin et al., 2022) and
changes in precipitation (Kittel et al., 2015) may reduce wetland extent, as has been
predicted for subalpine peatlands of the Tibetan Plateau (J. Sun et al., 2023).

While wetlands provide critical habitat for local wildlife and act as gateways
for the supply of water downstream (Cooper et al., 2012; Dahl, 2011), they also
serve as important landscape features for transforming inorganic mercury (Hg) into
the bioaccumulating and neurotoxic form, MeHg (St. Louis et al., 1994; J. Zhang et
al., 2023). Mercury is a global pollutant and its cycling has been dramatically
accelerated since the pre-industrial era by human activities such as mining, coal
combustion, and other industrial practices (Streets et al., 2019). With a residence
time in the atmosphere of up to one year (D. P. Krabbenhoft & Sunderland, 2013),
Hg undergoes long-range transport reaching remote locations such as mountain
ecosystems where it is deposited onto the landscape via dry and wet deposition
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(Miller et al., 2023; Selin, 2009). There, anoxic environments within high-elevation
wetlands can stimulate a phylogenetically diverse group of microorganisms
containing the hgcAB genes and promote the microbial conversion of inorganic Hg
to MeHg (Janssen et al., 2022; Parks et al., 2013). Sulfate reducing bacteria (SRB)
can be particularly important—either through direct methylation or indirectly
through synergistic relationships with other methylating microbes (Peterson et al.,
2023); numerous studies in lowland wetland environments show a strong
relationship between MeHg production and sulfate additions (Bergman et al., 2012;
Coleman Wasik et al., 2012; Gilmour & Henry, 1991; Tjerngren et al., 2012).
Subalpine peatlands, which are found in mountain ecosystems globally may be
particularly suitable for MeHg formation. Specifically, they are high carbon (C)
environments that promote microbial metabolism, and act as gateways for runoff as
1t moves from the alpine downslope (Brand et al., 2013; Chignell et al., 2019; French
et al., 2016; Igbal & Shang, 2020; Khan et al., 2020; van der Knaap et al., 2011).
Thresholds for MeHg production with respect to sulfate concentrations have
previously been established for low-elevation, agriculturally dominated peatlands
such as the Florida Everglades (U.S.) (Gilmour et al., 1992; Jeremiason et al., 2006).
However, these studies have limited applicability outside subtropical wetlands and
our understanding of sulfate thresholds in soils from temperate and alpine
environments is still lacking.

The objective of this study was to quantify MeHg accumulation across
mountain wetlands, as well as to experimentally assess the impact of elevated
sulfate loading on MeHg production rates in subalpine peatlands. To conduct this
investigation, we sampled across a high-elevation (~3,000-3,900 m) watershed in
the Colorado Rocky Mountains during the 2020-2022 growing seasons. Our
research aimed to address the following questions: 1) How do concentrations of Hg
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and rates of MeHg formation vary across high-elevation wetlands? and 2) How do

elevated sulfate loads influence MeHg formation in subalpine peatlands? Broadly,

we hypothesized that organic-rich soils with permanent inundation (e.g., subalpine

peatlands) would have higher Hg concentrations, as well as rates of MeHg

formation, compared to mineral soils with temporary inundation (e.g., alpine

wetlands). We expected sulfate additions to increase MeHg formation in subalpine

peatlands due to sulfate limitation. Ultimately, information derived from this study

will inform our understanding of biogeochemical cycling of Hg in mountainous

regions, critical information for effectively managing contamination of these

sensitive ecosystems.
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Figure 4-1: Schematic illustrating how warming air temperatures leads to thawing
high-elevation ice features, accelerated weathering of sulfide (S2-)-bearing minerals,
increased runoff of sulfate (SO4%), and increased extent of mountain wetlands, all of
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which can stimulate the activity of sulfate reducing bacteria (SRB) and production
of MeHg downstream.

4.3 Methods

4.3.1 Sampling Sites

Here we use the North Boulder Watershed in the Colorado Rocky Mountains
(Fig. S4-1(b)) to investigate MeHg concentrations and formation in high-elevation
ecosystems. This watershed has ~10 % wetland cover dominated by mineral soil
wetlands >3100 m elevation, and subalpine peatlands between 2900-3100 m
elevation (Fig. S4-1(b)-(c)). The watershed has experienced increasing summer air
temperatures of 0.43°C per decade since 1953 (McGuire et al., 2012) and increasing
annual precipitation of 60 mm per decade since 1952 (Kittel et al., 2015). The
climate-related air temperature and precipitation changes are comparable to other
high-elevation ecosystems globally (Pepin et al., 2022). Importantly for this study,
the North Boulder Watershed has also experienced a ~200% increase in sulfate
export over the past 30 years (~10-30 kg SO42- ha'l), attributed to increased
weathering of sulfide-bearing minerals (Crawford et al., 2020). Thus, this location
provides a unique opportunity to investigate the relationship between elevated

sulfate export and MeHg production in mountain wetlands.

4.3.2 Soil Sampling

Replicate surface soil samples were collected using trace metal clean
procedures from an alpine dry meadow (n = 14), a range of mineral soil wetlands in
the alpine zone (solifluction lobes (n = 10), wet meadows (n = 15), riparian shrub

areas (n = 14)), and a subalpine peatland (n = 14) using a 5 cm x 10 c¢m soil corer.
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All samples were handled with nitrile gloves, placed directly into plastic bags,
sealed to maintain in situ redox status, and transported to the laboratory in coolers.
Based on MeHg, soil organic matter (SOM), and extractable sulfate
conditions measured within the above-mentioned land cover types (i.e., “sites”), we
also collected soil from an alpine dry meadow (low MeHg, extractable sulfate, and
SOM), solifluction lobe (low MeHg and SOM, high extractable sulfate), and
subalpine peatland (high MeHg and SOM, moderate extractable sulfate) to
determine first-order rate constants of Hg methylation. At each site, clean soil
coring devices and plastic spoons were used to fill acid washed mason jars until

overflowing and were subsequently placed in coolers for transport to the lab.

4.3.3 Soil Laboratory Analyses

Details for soil analyses can be found in the supplementary methods of the
Supporting Information. Briefly, soil samples from across the different sites were
analyzed for a suite of soil physiochemical variables including bulk density,
extractable sulfate, SOM, total C, total nitrogen (N), pH, and water content, as well

as for THg and MeHg concentrations.

4.3.4 Methylmercury Production Assays

Details for the Hg methylation incubation experiment are provided in the
Supporting Information. Briefly, soil samples from the alpine dry meadow,
solifluction lobe, and subalpine peatlands were injected with a pre-equilibrated
201Hg(II) tracer and frozen after 0, 24, 48, and 72 hour (h) incubation time.
Additional soils from the subalpine peatland were amended with 5, 10, and 20 mg
SO4% Lt of 0.5 M sodium sulfate to assess sulfate controls on MeHg production.

These amendments resulted in a 50—-280% increase in soil extractable sulfate
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concentrations comparable to ~200 % increase in sulfate concentrations detected
within the watershed (Crawford et al., 2020). A schematic of the incubation
experiment can be found in Figure S4-2. Because the starting tracer was initially
100% inorganic Hg(II), any measured Me201Hg was assumed to be newly formed
during the experiment making it possible to determine pseudo-first order Hg
methylation rate constants based on the production of excess Me201Hg (Helmrich et
al., 2022; Hintelmann & Evans, 1997). Any abiotic methylation that occurs because
of incubation set-up were controlled for using t = 0 samples. Excess Me201Hg was
quantified by isotope dilution after distillation, aqueous phase ethylation, trapping
on Tenax (Buchem B.V.), isothermal gas chromatography separation, and detection
by inductively coupled plasma mass spectroscopy (ICP-MS; iCAP, Thermo
Scientific) (Hintelmann et al., 1995; Hintelmann & Evans, 1997; U.S. EPA, 1998).
Excess T201Hg(II) was measured using BrCl oxidation, SnClz reduction, and ICP-MS
(Hintelmann & Evans, 1997; Olund et al., 2004; Peterson et al., 2023; U.S. EPA,
2002). First-order kinetics were assumed over the duration of the incubation and

potential Hg methylation rates (Kmeth) were determined according to:

excess Me?91Hg;_,, — excess Me?®1Hg_,

K =
meth excess T201Hg x day

where excess Me201Hg-241s the Me20'Hg concentrations (ng g!) produced in the
sample at the end of the incubation, excess Me201Hgi=¢ is the initial Me20'Hg
concentrations (ng g'1), excess T201Hg is the concentration of T20!Hg injected into
each sample, and day is the number of days of the incubation. Because incubations
were conducted on discrete samples that required destructive sampling at each time
point, and there is variation in methylation among triplicates (average standard
deviation among triplicates = 0.01 ng g-! for alpine dry meadows, 0.02 ng g-! for

solifluction lobes, and 0.71 ng g1 for subalpine peatlands), t = 24 h samples
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occasionally had lower average concentrations of excess Me20lHg than thet=0h
samples. This outcome resulted in negative Kmeth values which is an impossible
outcome; thus, we rounded all negative values to zero since there was likely no
methylation occurring within these samples. Daily detection limits for excess
Me201Hg were on average <0.002 ng g-! for the alpine dry meadows, <0.003 ng g-! for
the solifluction lobes, and <0.2 ng g1 for the subalpine peatlands. Excess Me20'Hg
for each sample surpassed the detection limit. Method detection limits for Kmeth
were calculated following methods proposed in Hintelmann and Evans (Hintelmann
& Evans, 1997) and were found to range from 0.0002—0.0005 day! for the alpine dry
meadows, 0.0008-0.0035 day-! for the solifluction lobes, and 0.0196—-0.0304 day-! for
the subalpine peatlands.

Because no previous studies have measured Hg methylation potentials
within these types of ecosystems, we ran the experiment 72 h to ensure detectible
excess Me201Hg. Given that Me20'Hg accumulation appeared linear over the first 48
h (Fig. S4-4(b)), but plateaued thereafter, we focus on the 24 h incubation results in
the main text. Longer incubation times (48 and 72 h) may include the influence of
demethylation but are included in Figures S4-4—-S4-9. Since the bioavailability of
spiked T201Hg may differ from naturally occurring inorganic THg within the
sediment, we also measured ambient MeHg concentrations across the samples used
for the sulfate amendments to verify that sulfate additions increased methylation of
naturally present inorganic Hg. Quality assurance acceptance criteria for THg and

MeHg analytical methods can be found in Tables S3-4.

4.3.5 Statistical Methods
Statistical analyses were performed using R version 4.3.1 (2023) (R Core

Team, 2023). Ambient and sulfate-amended Kmetn were normally distributed and
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met the assumptions of homogeneity of variance and independence. Therefore,
differences among treatments were assessed using an ANOVA test followed by a
Tukey HSD post hoc test. Log-transformed concentrations of MeHg for wetland soils
were not normally distributed. Therefore, differences among groups were assessed
using a Kruskal-Wallis test followed by a post hoc Dunn’s test. Monotonic
relationships between MeHg, THg, SOM, extractable sulfate, C, N, and pH were

determined using Spearman’s Rank Correlation tests.

4.4 Results

4.4.1 Soil physiochemical conditions across site types

In line with our hypotheses, the elevated SOM subalpine peatlands had
significantly higher MeHg concentrations (6.37 + 2.28 ng g'!) compared to alpine
mineral soil wetlands (0.44—0.80 ng g'!) and dry meadow soils (0.06 = 0.04 ng g'1; p <
0.01; Fig. 4-2(a)). The solifluction lobe had an order of magnitude higher extractable
sulfate concentrations (6.18 = 5.43 mg SO42-g! dry soil) compared to the other sites
(<0.40 mg SO4%*g1 dry soil; Fig. 4-2(b); Table S4-2). Across all sites, MeHg had a
statistically significant, positive relationship with THg concentrations (p < 0.01),
SOM (p < 0.01), total C (p < 0.05), and extractable sulfate concentrations <1.0 mg
SO42- g1 (p <0.01) (Fig. S4-3a — d). No positive relationship was observed with pHor
total N (p > 0.05) (Fig. S4-3e — f). Additional environmental variables are

summarized in Table S4-2.

4.4.2 Methylmercury production potential

We observed significantly higher Kmeth over 24 h in the subalpine peatlands

(0.027 + 0.004 day!) compared to the solifluction lobe and dry meadow soils, which
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had no detectible methylation (p < 0.01; Fig. 4-2(c)). This pattern persisted across
the full incubation with consistently low excess Me20'Hg in both the alpine dry

meadow and solifluction lobe soils, indicating minimal methylation activity (Fig. S4-

5(b)).
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Subalpine peatland soil extractable sulfate concentrations at t = 0 h were 0.46
+0.21 mg SO42g1 dry soil for 0 mg SO4% L1 additions; the 5 mg SO42- L-! treatment
was 0.70 = 0.08 mg SO42-g-! dry soil, the 10 mg SO42- L1 treatment was 1.33 + 0.10
mg SO42-g1 dry soil, and the 20 mg SO42 L' treatment was 1.76 £ 0.10 mg SO42-g-!
dry soil (Fig. 4-3(a)). Sulfate amendments enhanced MeHg formation, supporting
our hypothesis that these areas are sulfate limited with respect to MeHg
production. Excess Me201Hg concentrations were significantly higher in the 5 mg

SO042 L1 (2.4 ng g'!) and 10 mg SO42- L1 (3.0 ng g'1) additions compared to the 0 mg
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SO42 L1 treatment (0.5 ng g'1; p <0.01; Fig. S4-4(b)). While the 20 mg SO4?- L1
treatment (1.4 ng g'!) had higher excess Me2°1Hg than the 0 mg L addition, it was
not significantly different from the other treatments (p > 0.05; Fig. 4-5(b)). A
summary of soil extractable sulfate concentrations across the experiment is
provided in Figure S4-9.

Sulfate additions of 10 mg SO42- L1 in subalpine peatland soil resulted in
significantly higher Kmeth over 24 h (0.023 + 0.008 day!; p < 0.05; Fig. 4-3(b))
compared to the 0 mg SO4% L't L1 addition (0.004 + 0.002 day-!). The 5 and 20 mg
SO42- L1 additions had mean Kmeth values of 0.018 = 0.006 and 0.014 + 0.008 day!,
respectively, which were on average higher than the 0 mg SO4% L1 -1 addition, but
the differences were not significant (p > 0.05; Fig. 4-3(b)). For the 48 and 72 h
intervals, excess Me20lHg concentrations continued to increase (Fig. S4-4(b)),
although Kneth across sulfate treatments were not significantly different (Fig. S4-7).
Ambient MeHg concentrations also increased with sulfate additions (Fig. S4-8),
suggesting the presence of a methylating environment, but methylation rates for

ambient and spiked inorganic Hg are not directly comparable

4.5 Discussion

While the importance of peatland environments for cycling Hg is well
established in high latitude environments (Fahnestock et al., 2019; Grigal, 2003), as
far as we are aware, this study provides the first measurements of MeHg
accumulation and formation within mountain peatland ecosystems. Our findings
suggest that subalpine peatlands act as important regions for storing and producing
MeHg in high-elevation ecosystems, with significantly higher MeHg concentrations
and formation rates observed in the subalpine peatlands compared to the alpine,
mineral soil wetlands in the North Boulder Watershed (Figs. 4-1(a) and 4-1(c)).
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Given the widespread occurrence of similar mountain peatlands globally (Cooper et
al., 2012; Gilmour & Henry, 1991; Khan et al., 2020, p. 20; J. Sun et al., 2023;
Tjerngren et al., 2012; van der Knaap et al., 2011), our observations highlight the
need to better constrain Hg pools and transformations in these ecosystems, as well
as to assess the role of climatic drivers in altering the future extent of subalpine
peatlands (J. Sun et al., 2023).

We also found evidence of sulfate limitation to MeHg production in subalpine
peatlands of the North Boulder Watershed, an observation that provides important
context for understanding how Hg cycling is changing in response to climate-driven
alterations in mountain environments. As illustrated in Figure 4-3, MeHg
formation was significantly higher when soil extractable sulfate concentrations
were between ~1.24—1.45 mg SO42g! dry soil (the 10 mg SO4% L1 addition shaded
in green, Figs. 4-3(a) — (b)). Additionally, we found that methylation rates decreased
above and below this sulfate range (equivalent to the 5 and 20 mg SO42- L1 sulfate
additions shaded in yellow) but were still on average higher than the 0 mg SO42- L
sulfate addition.

This differential response to sulfate levels, termed the “Goldilocks effect” by
Gilmour and Henry (Gilmour & Henry, 1991), has been observed in other
ecosystems whereby MeHg production is maximum—or “just right’—at
intermediate sulfate concentrations due to complex relationships between sulfate
and Hg cycles. Sulfate acts as a terminal electron acceptor for SRB, which can
directly or indirectly promote MeHg production across different ecosystems
(Gilmour et al., 1992; Peterson et al., 2023). Other anaerobic microbes, such as
methanogens, fermenters, and iron reducers, are also capable of producing MeHg
(Peterson et al., 2023); however, MeHg production in many ecosystems is highly
sensitive to sulfate additions (Gilmour et al., 1992; Jeremiason et al., 2006). Such
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results have led to the hypothesis that SRB can act as syntrophs to other Hg
methylating microbes, whereby SRB consume metabolic biproducts of other
microbes allowing for continued C metabolism and Hg methylation (Bae et al., 2014;
Yu et al., 2018). Thus, if sulfate concentrations are too low, SRB metabolism will be
less favored and will limit MeHg production either directly or indirectly.
Alternatively, at elevated sulfate concentrations, sulfide can accumulate through
sulfate reduction. Sulfide strongly binds inorganic Hg forming nanoparticulate
mercuric sulfide, which immobilizes inorganic Hg, thereby limiting further
transformations, such as methylation (Poulin et al., 2017). At moderate sulfate
concentrations, however, an optimum range can be attained, whereby SRB have
sufficient sulfate for metabolism, and inorganic Hg is still available for methylation.
While our study lacks the benefit of microbial and sulfide analyses, this Goldilocks
effect demonstrates the sensitivity of MeHg production in subalpine peatlands to
climate-driven sulfate additions.

Indeed, our study provides evidence that continued increases in sulfate
export from high-elevation watersheds may increase MeHg production in subalpine
peatlands. Our sulfate additions increased soil extractable sulfate concentrations by
50—280% which is within the range of the ~200 % increase in sulfate export
observed within runoff in the North Boulder Watershed over the past 30 years
(Crawford et al., 2019). It is worth noting that while we only modified sulfate
concentrations in this study, accelerated weathering can also result in increased
release of other ions such as iron, as well as changes in pH (Mast et al., 1990, p.
199; Ross et al., 2018). Additionally, increased spatial extent of wetlands can
enhance mobilization of dissolved organic matter, which can interact with inorganic
Hg and influence MeHg formation (He et al., 2019). Simultaneous changes in solute
export beyond sulfate concentrations could also influence MeHg production within
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high-elevation watersheds and marks an important area for future research since
these changes have implications for local wildlife, as well as for downstream
ecosystems.

The observed sensitivity of subalpine peatlands to sulfate additions in our
study also raises questions regarding the timeline of accelerated sulfate weathering.
Mountain ecosystems are losing ice features at accelerating rates globally, but the
degree to which they have lost ice extent varies significantly with the Southern
Andes, Caucasus, European Alps, and Pyrenees experiencing the greatest mass
losses of glaciers (-490 = 100 kg m2 yr-1), and the high mountains of Asia showing
the slowest mass losses (-150 + 110 kg m2yr-!, (Hock et al., 2019)). Mountain
regions dominated by smaller glaciers, such as the North Boulder Watershed, are
the most vulnerable to thawing ice features, with projected end-of-century mean
mass losses of ~80 %, relative to 2015 (Hock et al., 2019). With the complete loss of
ice features in a watershed, the rate of mineral weathering may abate as the
exposure of new mineral surfaces slows, resulting in a decrease in sulfate
concentrations (Manning et al., 2013). This shift may limit MeHg formation within
high-elevation wetlands, which raises questions regarding the timescale of
ecosystem recovery from elevated MeHg production around the globe—vital
information for current international regulation efforts regarding atmospheric Hg
releases and exposure. Limited studies have examined MeHg recovery from sulfate
additions. Studies from boreal peatlands have found that MeHg concentrations
decrease several years after the cessation of sulfate additions (Coleman Wasik et
al., 2012). However, MeHg concentrations remain elevated compared to locations
that have never experienced sulfate additions (Coleman Wasik et al., 2012).

While loss of ice features may slow mineral weathering, other climate-related
changes may counteract this effect. Hydrologic shifts in mountain ecosystems due to
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continued warming (e.g., reduced snowpack, earlier snowmelt) have resulted in the
lowering of the water table (Zaremehrjardy et al., 2022). This process also exposes
new mineral surfaces to weathering agents of oxygen and water and could result in
continued accelerated mineral weathering in the absence of thawing ice features
(Manning et al., 2013). Depending on the sulfate thresholds conducive to MeHg
formation, sulfate concentrations may eventually reach levels at which Hg
methylation is limiting, resulting in a decline in MeHg concentrations. These
complexities highlight the need for long-term studies that investigate the MeHg
production in high-elevation wetlands under increasing sulfate concentrations, the
thresholds at which MeHg formation is optimal, and the potential for ecosystem
recovery following the cessation of sulfate additions.

The sulfate thresholds identified in our experiment may also help explain
differences in soil MeHg concentrations and formation rates observed across natural
sulfate gradients in the North Boulder Watershed (Fig. 4-3). In the subalpine
peatlands, we observed the highest Kmeth when soil extractable sulfate
concentrations were between 0.60—1.45 mg SO42- g1 dry soil and found Kmeth
decreased as extractable sulfate concentrations either increased or decreased
beyond this range (Figs. 4-3(a)-(b)). Alpine dry meadows, alpine wet meadows, and
riparian shrub zones all have relatively low extractable sulfate concentrations (< 0.2
mg SO42gldry soil), which may create sulfate-limiting conditions that decrease
MeHg formation (Fig. 4-3(c)). Solifluction lobes, alternatively, have extractable
sulfate concentrations an order of magnitude higher than the other sites (> 1.6 (6.2
+ 5.4) mg SO4% g1 dry soil, Fig. 4-2(b) and Fig. 4-3(c)), which may result in the
buildup of sulfide compounds and inhibition of MeHg formation; these high sulfate
concentrations are likely the result of the presence of a permanent ice lens beneath
the solifluction lobe that prevents subsurface drainage and concentrates solutes
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over time from evaporative losses (Huber, 2021). These observations suggest that

mountain wetlands with sulfate concentrations between 0.02 — 1.6 mg SO42- g1 dry

soil are most conducive to MeHg production in alpine and subalpine environments.
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In addition to sulfate gradients, other soil physiochemical properties also likely
drive the slower Hg cycling observed in the alpine. Alpine dry meadows, wet
meadows, riparian shrub zones, and solifluction lobes all have low SOM (Table S4-
2), as well as variable hydrologic inundation, creating less favorable conditions for
anaerobic metabolism (Parks et al., 2013). Subalpine peatlands, alternatively, are
permanently hydrologically inundated creating anoxic, high SOM environments
conducive to Hg methylation. While this study targets a single watershed in the

Colorado Rocky Mountains, these alpine and subalpine wetlands are widespread
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globally, making up, for example, >2,000 km?2 land area in the western U.S. alone
(Fig. S4-10) suggesting the importance of better constraining Hg cycling across

these landscape features.

4.6 Conclusions

Our study demonstrates how co-occurring climatic and biogeochemical
stressors may accelerate Hg cycling in high-elevation ecosystems. We show that
previously understudied subalpine peatlands in the Colorado Rocky Mountains play
a critical role in Hg storage and transformation, exhibiting significantly higher
MeHg concentrations and formation rates than alpine, mineral soil wetlands.
Additionally, our findings reveal that sulfate additions enhance MeHg production in
subalpine peatlands, highlighting potential links to global trends in accelerated
mineral weathering. Given the global prevalence of alpine and subalpine wetlands,
further research on sulfate thresholds for Hg methylation across environmental and
climatic gradients is essential for assessing contamination risk. Such insights can
inform both local watershed management and global policy efforts to mitigate Hg

contamination in mountain ecosystems under climate change.
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CHAPTER V

MERCURY SINK CHARACTERISTIC OF HIGH ELEVATIONS MAY SHIFT

WITH ONGOING CLIMATE CHANGE

Hannah R. Miller, Clifford R. Adamchak, Jiahao Wen, Janice Brahney, Eve-Lyn S.
Hinckley

5.1 Abstract

To determine future mercury contamination risk under a changing climate, it
1s critical to constrain the sink-source characteristic of different ecosystems.
Mountain ecosystems are a particularly important area for this research since they
receive high loads of mercury through atmospheric deposition and are
disproportionately impacted by climate change. While past studies have found that
mountain regions act as sinks for mercury, they lack measurements of mercury
fluxes in dry deposition and land to air fluxes (evasion). In this study, we quantify
mercury inputs in wet and dry deposition, pools in soil and vegetation, and losses
via runoff and evasion. Unlike pasts studies from forested ecosystems, we found
that open precipitation comprises the largest proportion of atmospheric mercury
inputs both in the alpine and subalpine compared to litterfall and throughfall.
Despite greater total mercury inputs in the subalpine compared to the alpine, the
alpine had significantly higher pools of mercury in soil and vegetation, likely due to
slower carbon turnover and longer-lived plant species. By subtracting atmospheric
Hg deposition from pools of Hg in snowpack, as well as evasion estimates from the
literature, we contend that evasion is an important pathway of mercury loss in both

the alpine and subalpine, with more uncertainty associated with estimates for the
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subalpine coniferous forest. Mercury loss in runoff was significantly higher in the
subalpine compared to the alpine but did not account for the lower mercury pools in
the soil. In sum, our findings demonstrate that mountain ecosystems are net sinks
of mercury with 24-63 % of atmospherically deposited mercury retained on the
landscape. If we had only included mercury losses in runoff, without the addition of
evasion, our estimates would have range from 93-99 % retention. Our findings
highlight the importance of including evasion in mercury mass balances of
mountain ecosystems and the need for better constraints on the drivers of mercury
volatilization. Broadly, our study indicates that mountain ecosystems act as
complex regions for Hg cycling and highlight the critical need to constrain the sinks-

source nature of these areas in the context of continued climatic change.

5.2 Introduction

Human activities have greatly accelerated mercury (Hg) cycling globally,
increasing atmospheric concentrations by ~450 % since pre-industrial times
(Outridge et al., 2018). Over the past half-century, international initiatives such as
the Minamata Convention have aimed to mitigate Hg pollution by reducing
emissions, managing waste, and restricting Hg trade (USEPA, 2018). While these
efforts have slowed the growth of global Hg emissions and led to significant regional
declines (Streets et al., 2019), Hg remains a persistent contaminant, capable of
cycling for thousands of years through the atmosphere and biosphere, before
permanent sequestration in deep ocean sediments or stable soil pools (Amos et al.,
2013; Selin, 2009). Indeed, re-mobilization of Hg from temporary storage pools, such
as soil, leaves, or water bodies, is now the largest source of Hg to the atmosphere;
these fluxes account for approximately two-thirds of global emissions (Amos et al.,
2013; Bishop et al., 2020). Climate change and human land disturbance have the
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potential to exacerbate the magnitude of emissions from these “legacy” Hg pools and
highlights the importance of investigating the sink-source behavior of different
ecosystems globally.

Mountain ecosystems cover ~27 % of terrestrial land surfaces and may play a
critical role in cycling legacy Hg. These regions receive elevated atmospheric
deposition (Lovett & Kinsman, 1990), store Hg long-term in permafrost and glaciers
(R. Sun et al., 2021), and transport Hg in runoff, particularly during snowmelt
(Packer et al., 2020; Shanley et al., 2008; X. Sun et al., 2017). Limited studies have
investigated the source-sink nature of mountain environments but those that exist
have found these regions tend to act as net sinks (X. Li et al., 2022; Wang, Yuan, et
al., 2020). For example, Mast and colleagues (2005) found ~80 % of annually
deposited Hg was retained within the landscape each year in the Rocky Mountain
National Park (Mast et al., 2005). Now 20 years old, this is the last time a
comprehensive assessment of the fate of wet Hg deposition in the Colorado Rocky
Mountains was conducted, despite continued alteration of Hg cycling under ongoing
climate change. Additionally, these studies do not account for dry depositional
pathways through vegetation and dust, nor losses of Hg back to the atmosphere via
evasion (X. Li et al., 2022; Mast et al., 2005; Wang, Yuan, et al., 2020).

Climate change is disrupting Hg cycling dynamics in high-elevation
ecosystems in ways that could shift the sink-source characteristic of mountain
regions. Warming temperatures, permafrost thaw, and more rapid snowmelt
threaten long-term Hg storage (Chai et al., 2022). Additionally, changes in
precipitation, aridification, and shifts in vegetation cover may enhance deposition
and re-emission to the atmosphere (Eckley et al., 2016; Wang, Luo, et al., 2020).
Despite the importance of mountain ecosystems, baseline Hg cycling in these
regions remains poorly constrained (Miller et al., 2023), with existing studies often
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focusing on either mountain systems as sinks for atmospheric Hg (e.g., Wang, Luo,
et al., 2020), or as sources for Hg in runoff (e.g., Domagalski et al., 2016; Shanley et
al., 2008). Prior, less comprehensive studies leave important gaps in our
understanding of mountain ecosystems’ contributions to global Hg cycling, as well
as the potential shifts that will occur with continued climate change. To assess the
effectiveness of the Minamata Convention, as well as ongoing risks associated with
legacy Hg contamination, it is critical to constrain the bi-directional transport of Hg
within mountain ecosystems globally.

Here, we present a mass balance of Hg within Niwot Ridge Long-term
Ecological Research Site, a high-elevation ecosystem of the Colorado Rocky
Mountains that has been a location of climate and ecological research for over 40
years, as well as an indicator of patterns in high-elevation ecosystems globally
(Campbell et al., 2022). Specifically, we ask the following questions: 1) what role do
high-elevation ecosystems play in the global Hg cycle and what drives either sink or
source behavior? and 2) how may climate change impact Hg cycling in mountain
ecosystems based on the primary drivers of Hg cycling? Broadly, we hypothesize
that Colorado Rocky Mountain ecosystems act as sinks for Hg due to high rates of
atmospheric deposition and cold temperatures that cause slow rates of soil carbon
(C) mineralization, and, therefore, Hg retention. By including estimated losses of
Hg via evasion, however, we do expect the degree of the sink characteristic to be
less than reported in previous studies. For the second question, we hypothesize that
warming air and soil temperatures will promote greater soil mineralization and Hg
loss via runoff and evasion over the coming years, which could push these

ecosystems closer to—or into—a source status.

5.3 Methods
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5.3.1 Study Area

We conducted this study between 2020-2023 at the Niwot Ridge Long-term
Ecological Research (NWT-LTER) site (40.05 N, 105.59 W), a high-elevation,
mountainous ecosystem in the Colorado Rocky Mountains. This region, broadly, is
part of the traditional territories of the Cheyenne, Ute, and Arapaho Peoples. We
sampled within the 0.26 km? alpine Saddle Catchment above tree line (~3,500 m
elevation), as well as the 4.9 km? subalpine Como Creek Catchment (~3,000 m
elevation), both of which drain into the larger Boulder Creek Watershed. The
Saddle Catchment is comprised predominantly of dry meadow regions (> 80%) with
the remaining ~20 % by a variety of alpine wetlands (Hermes et al., 2020). About
40-50% of the landscape i1s hydrologically connected to the stream channel in this
catchment (Hermes et al., 2020). The Saddle Catchment has an annual mean
temperature of 0.3°C (Greenland & Losleben, 2001) and is experiencing increasing
summer air temperatures of ~0.43°C decade! from 1953—-2008 (McGuire et al.,
2012). The subalpine Como Creek Catchment is comprised predominantly of
subalpine forest with <10 % of the landscape covered by subalpine wetlands. The
Como Creek Catchment has an annual mean temperature of 2.0°C (NEON, n.d.)
and i1s experiencing increasing air temperatures of ~0.24°C decade! and increasing
precipitation of ~9 mm decade! between 1970-2019 (J. L. Campbell et al., 2022).
Annual precipitation is ~1000 mm in the alpine and ~800 mm in the subalpine
(Kittel et al., 2015). Precipitation is dominated by snowfall (~80 %), however
frequent summer convective thunderstorms contribute significant rainfall during
the summer months (Hermes et al., 2020). Long-term records at NWT-LTER show
that precipitation has increased by 60 mm per decade since 1952 in the alpine,

however, no significant change is observed in the subalpine (Kittel et al., 2015).
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Mast and colleagues (2005) estimated that annual bulk atmospheric Hg deposition
to the Colorado Rocky Mountains was between 8.3 to 12.4 ug m-2. Over the past
several decades, wet atmospheric Hg deposition has been increasing in this region
1in comparison to the Eastern U.S. where atmospheric deposition rates have been

decreasing (Miller et al., 2023).

5.3.2 Air Sampling

We collected bulk air samples for total gaseous Hg, which is predominantly
gaseous elemental Hg (GEM) and Hg stable isotope (619°Hg, 6202Hg) analysis in both
the alpine and subalpine (Tate et al., 2023). Air was pumped through a sample train
consisting of a 0.45 um PTFE filter, soda lime trap, and two chlorinated activated C
traps using a diaphragm pump with a flow rate of ~900 mL min-l. Two-week
integrated samples were collected from May—August 2023. All air samplers were
installed ~1.5 m from the ground surface with free air flow to the sampler.
Following collection, all air samplers were shipped to the U.S. Geological Survey

Mercury Research Lab (MRL) for Hg analyses.

5.3.3 Atmospheric Deposition Sampling

To estimate summer atmospheric wet Hg deposition, direct precipitation and
throughfall were collected monthly in triplicate (only direct precipitation in the
alpine due to lack of tree cover) from early June—early September 2023. The
sampler was comprised of an acid-washed 0.011 m? glass funnel attached to c-flex
tubing, Teflon tubing, and a PTFE 250 ml sample bottle all housed within black
piping to prevent exposure to solar radiation. The tubing was looped with a zip tie
to prevent evaporation, and the sample bottle was pre-acidified with 2.5 ml 50 %

HCI to prevent microbial growth and Hg volatilization. At each collection time
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point, the tubing was rinsed thoroughly with ulta-high purity water and the sample
bottle was replaced with a new, pre-acidified bottle. Field blanks were collected at
weekly intervals for one month to determine if any sorbing of Hg from the
atmosphere occurred through the exhaust hole of the sample bottle.

To estimate summer atmospheric dry Hg deposition, dust (open areas) and
litterfall (canopy) were collected. Dust samples were collected in the alpine and
subalpine during Summer 2022 using National Atmospheric Deposition Program
(NADP) dry deposition samplers and dust was recovered per Brahney et al., (2020)
(Brahney et al., 2020). Litterfall was collected monthly in the subalpine in four
replicate 0.44m2 mesh-lined baskets that were deployed in late June and retrieved
in late October 2022. Samples were handled with clean nitrile gloves, placed in
plastic bags, and transported in coolers to the laboratory where they were frozen for
further processing. For alpine sites where there is no tree cover, bulk aboveground
biomass was collected for THg concentration analysis. Litterfall samples (n = 37)
were weighed before and after lyophilization to determine wet and dry weights and
then homogenized.

To estimate atmospheric bulk Hg winter deposition during the months that
collectors were not deployed, full-depth snowpack samples were collected in early
May 2021 just prior to the onset of snowmelt. Depth-integrated samples were
collected from a freshly exposed face of each snow pit and placed into acid-washed
Teflon bags for transport back to the lab. Five samples were collected in open areas
representative of open precipitation and three snow throughfall samples were
collected under canopy. All samples were then promptly melted, subsampled, and
acidified to 1% hydrochloric acid solution for Hg analysis. Snow water equivalent

(SWE) was also measured for each depth interval.
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5.3.4 Soil Sampling

To estimate storage of Hg within the alpine and subalpine, we collected soil
samples using trace metal clean procedures from different zones delineated by
Hermes et al. (2020): “dry” zones (alpine dry meadows (n = 27) and subalpine forest
floor (n = 11)), “wet to moist” snowmelt fed areas that dried down slowly throughout
the growing season (riparian shrub zones, n = 27), “wet to dry” snowmelt-fed areas
that dry down rapidly (alpine moist meadows (n = 4), alpine wet meadows (n = 16)),
and persistently “wet” areas (solifluction lobes (n = 13) and subalpine peatlands (n =
14)). All samples were handled with clean nitrile gloves, placed in plastic bags, and
transported to the laboratory in coolers for Hg analysis, as well as measurements

for a suite of other environmental variables (see below).

5.3.5 Runoff Sampling

To measure Hg concentrations and fluxes in alpine and subalpine runoff, we
collected unfiltered grab samples (n = 22) weekly at Saddle Stream (n = 10) and
Como Creek (n = 12) from May — September 2021. Samples were collected into
Nalgene PTEG bottles after rinsing them three times with sample water. All
samples were handled using trace metal clean procedures and transported back to
the laboratory in coolers where they were acidified to a 1% hydrochloric acid.
Additional grab samples were collected in ashed glass bottles for analysis of
dissolved organic carbon (DOC) and sulfate concentrations. Stream discharge was
monitored continuously throughout the sampling period at Saddle Stream by the

NWT-LTER and at Como Creek by NEON.

5.3.6 Total Hg Analysis
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Total Hg concentrations in direct precipitation, throughfall, and runoff were
determined by cold vapor atomic fluorescence spectrometry (CVAFS) with the
Brooks-Rand “MERX-T” automated Hg analytical system (U.S. EPA, 2002). Briefly,
bromine monochloride (BrCl) was added to each sample and then samples were
heated to 50°C for 5 d to release matrix-bound Hg and oxidize all forms of Hg to the
Hg2* oxidation state. Just prior to analysis, the BrCl was neutralized by the
addition of hydroxylamine hydrochloride and the oxidized Hg is then reduced by
addition of stannous chloride (SnCls). Volatile Hg? is purged from the sample and
captured onto a gold sand trap, desorbed, and detected by CVAFS. Analytical
quality control was verified by a duplicate (<10 % difference between duplicates),
instrument spike (recovery within 85-115 % of known addition), and instrument
blank for every 10 samples analyzed. Instrument calibration linearity (>0.995) and
a daily detection limit (three times the standard deviation of the calibration blanks)
was calculated every day of analysis.

Soil and litterfall were analyzed for THg using atomic adsorption followed by
direct combustion on a Nippon MA-3000 Mercury analyzer (U.S. EPA, 2007).
Analytical quality control was verified by an instrument calibration linearity >
0.995, as well as a method blank (<0.05 ng/boat), National Institute of Standards
and Technology (NIST) certified reference material (CRM) 1575a (Pine Needles,
39.9 £ 0.7 ng g?) for litterfall and TAEA-475 (Marine Sediment, THg concentration =
29.9 + 1.5 ng g?!) for soil, and a triplicate every 10 samples. The CRM IAEA-475
averaged 29.3 = 0.5 ng g'! and the relative standard deviation of the triplicates was

<6 % across our analyses.

5.3.7 Calculations for THg Fluxes in Wet and Dry Atmospheric Deposition
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Fluxes of THg in snow, open precipitation, throughfall, and litterfall
weighted by month and tree cover were used to estimate total annual inputs of THg
into the alpine and subalpine. Fluxes of THg in open precipitation were determined
for the growing season (June—September) by multiplying Hg concentrations from
open precipitation collectors by precipitation volumes measured in co-located NADP
collectors in both the alpine (CO02) and the subalpine (CO90). Fluxes of THg in
open precipitation during the period when collectors were not deployed was
estimated by multiplying THg concentrations of open precipitation collected at the
Mercury Deposition Network (MDN) collector at Buffalo Pass, CO by precipitation
volumes at NWT-LTER. To verify Buffalo Pass as a proxy for unsampled months in
the alpine and subalpine at NWT-LTER, THg concentrations and precipitation
volumes were compared between Buffalo Pass and NWT-LTER during the period of
overlapping data collection (June—September, 2023). The Buffalo Pass MDN site
sits between the elevation of the NWT-LTER alpine and subalpine sampling sites
and has been used previously as a comparison to verify THg deposition trends
within the Front Range of the Colorado Rocky Mountains (Mast et al., 2005).
Neither THg concentrations nor precipitation volumes were significantly different
between Buffalo Pass and NWT-LTER in the alpine or subalpine (Figs. S5-1-S5-2).

Fluxes of THg in throughfall in the subalpine were determined the same way
as for open precipitation except that the volume of precipitation was based either
upon the volume of precipitation collected within the throughfall collectors, or in the
cases when the collectors overflowed, a throughfall interception coefficient was used
to determine throughfall volume. The interception coefficient was calculated by
dividing throughfall volumes by open precipitation volumes during the sampling

period and was determined to be 0.58 for the subalpine. During the winter months,

121



average snow concentrations from under canopy cover at NWT-LTER were
multiplied by NWT-LTER precipitation volumes.

Fluxes of THg in litterfall in the alpine were determined by calculating THg
concentrations in bulk vegetation samples by monthly litterfall rates measured by
the National Ecological Observatory Network (NEON) at site NIWO_047 between
June—September 2021. We assumed that no litterfall occurred in the alpine between
October—May due to snow cover and plant dormancy. In the subalpine, THg fluxes
in litterfall were determined by multiplying the concentration of litterfall THg by
litterfall mass for each month. During the period that our collectors were not
deployed (November—May), average THg concentrations were multiplied by
litterfall masses at co-located NEON litterfall collector sites (NIWO 040 and 057).

Fluxes of THg in dust were calculated by multiplying THg concentrations in
dust samples by total dust volumes during the sampling period. Since we only had
dust samples for three months for each site, we then multiplied the sum from the
sampling period by four to estimate fluxes for the full year.

To determine total fluxes of THg to the alpine, fluxes in open precipitation,
dust, throughfall, and litterfall were summed over the year. To determine fluxes of
THg to the subalpine, fluxes in open precipitation and dust were summed and
multiplied by the percent no-canopy area (60 %), fluxes in throughfall and litterfall
were summer and multiplied by the percent canopy area (40 %), and then finally

canopy fluxes and no-canopy fluxes were summed over the year.

5.3.8 Calculations for THg Export in Runoff

Total fluxes of Hg in Saddle Stream and Como Creek runoff were calculated

by multiplying the monthly discharge volume by the average THg concentration for

122



that month, summing THg export for each month over the entire year, and then

normalizing to the watershed area.

5.3.9 Soil Storage Calculations

Storage of THg in alpine soils was determined by sampling within previously
established soil moisture groups, as described above in the “Soil Concentrations”
subsection, and multiplying the average THg pools (in the upper 5 cm of soil) within
each group by the area of the watershed represented by that group. Within the
watershed, “dry” regions made up 85.5 %, “wet to moist” areas made up 9.7 %, “wet
to dry” areas made up 1.5 %, and “wet” areas made up 3.3 % of the landscape. In the
subalpine zone, 94 % of the watershed was determined to be dry forest floor and 6 %
percent was determined to be wetland (QGIS analysis); soil THg pools from those

respective locations were weighted accordingly.

5.3.10 Evasion Estimates

Since we were unable to directly measure evasion rates of Hg from our sites,
we instead used estimated values. For the summertime, per Eckley et al. (2016), we
used “Southern Semi-Arid Highlands” evasion rates for the alpine. Fluxes measured
in coniferous forests vary significantly in the literature from net deposition to net
evasion. Additionally, studies show that coniferous forest soils shift seasonally from
net loss during the growing season and net sink during snow-covered periods. We
compiled a range of annual flux estimates for coniferous forests to represent a range
of estimates for summertime. For the winter months, we subtracted THg pools
measured in snowpack at NWT-LTER just prior to the onset of snowmelt from
fluxes of THg during the same period to represent loss of Hg from snowpack back to

the atmosphere. The fluxes of THg were calculated by multiplying THg
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concentrations from Buffalo Pass by precipitation volumes from NWT-LTER during
the winter months. During winter 2020-2021, snowfall began on October 14t at
NWT-LTER and snowpack samples were collected on May 8th, 2021

(https://wece.sc.egov.usda.govinwee/view).

5.3.11 Statistical Analysis

All statistical analyses was conducted using R 2023.03.0+386 (R Core Team,
2023). Data were log transformed when necessary to meet distributional
assumptions. All concentrations below the detection limit were assigned a
concentration of 0. Influential data points were determined using Cook’s distance
with a threshold of 4 divided by the number of observations. All model residuals
were tested for normality using Shapiro-Wilk test and homogeneity of variance
across groups using a Bartlett (normal distribution) or Levene test (non-normal

distribution).

5.4 Results

5.4.1 Air Concentrations and Stable Isotopes

Air concentrations of THg were not significantly different between the alpine
(0.92 + 0.15 ng m-3) and subalpine (0.83 = 0.12 ng m3). In the alpine, THg
concentrations were highest in July (1.07 ng m-3) and lower in September (0.76 ng
m-3) while in the subalpine, concentrations were highest in May (0.97 ng m-3) and
lowest in August (0.69 ng m-3). 6202Hg ranged from 0.19 — 0.70 %o and was on
average lower in the alpine (0.35 = 0.13 %o) compared to the subalpine (0.58 = 0.12

%0), although the difference was not significant (p > 0.05).
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5.4.2 Comparison of Buffalo Pass to NWT-LTER

Summer THg concentrations in open precipitation were not significantly
different between Buffalo Pass (8.8-33.9 ng L'1) and NWT-LTER (6.8-31.6 ng Li'1)
between June to September (two-way permutation test; p > 0.05; Fig. S5-2A).
Precipitation volumes during the same period were also not significantly different
between Buffalo Pass (10.4-51.3 L) and NWT-LTER (p > 0.05; 14.3-64.8 L; Fig. S5-
3). Additionally, average THg concentrations during winter months at the Buffalo
Pass MDN collector (0.83—59.51 ng Li'1) were not significantly different than
concentrations measured within snowpack at NWT-LTER (p > 0.05; 1.57-24.5 ng L-
1. Fig S5-2B). This result suggests that Buffalo Pass is a reliable proxy for NWT-
LTER. As such, we used THg concentrations from Buffalo Pass to fill in unsampled

months at NWT-LTER.

5.4.3 Atmospheric Sources of Hg

5.4.4 Open Precipitation

Total Hg concentrations in open precipitation collected in the alpine averaged
18.5 £ 6.1 ng L'! during the summer months and 9.5 + 13.1 ng Li'! during the winter
months (Buffalo Pass concentrations). In the subalpine, open precipitation averaged
18.7 £ 6.2 ng L't during the summer months and 9.5 + 13.1 ng Li'! during the winter
months (Fig. 5-1A). Concentrations in the alpine and subalpine were both highest in
July and lowest in the winter months (Buffalo Pass concentrations) and were not
significantly different between the two elevation zones (p > 0.05; Fig. S5-1A). Due to
higher annual precipitation volumes in the subalpine (832 mm) compared to the

alpine (719 mm) during the sampling period, annual fluxes of THg were higher in
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the subalpine 13.6 = 0.5 ug m2yr! compared to the alpine 12.1 = 0.4 ug m2yr!
although the difference was not statistically significant (p > 0.05). Throughfall in
the subalpine averaged 36.1 = 14.0 ng L'! in the summer months and 12.4 + 8.3 ng
L1 in the winter months (Fig 5-1A). Annual fluxes of throughfall to the subalpine

zone were 12.7 £ 1.7 ug m2yr1,

5.4.5 Throughfall

Throughfall in the subalpine averaged 36.1 + 14.0 ng LL'! in the summer
months and 12.4 + 8.3 ng L1 in the winter months (Fig 5-1A). Annual fluxes of

throughfall to the subalpine zone were 12.7 + 1.7 ug m2 yr-1.

5.4.6 Dust

Dust averaged 67.3 + 19.7 ng g'! in the alpine and 108.0 + 17.0 ng g'! in the
subalpine and were not significantly different from each other (p > 0.05; Fig. 5-1B).
Fluxes of dust averaged 0.12 in the alpine and 0.17 in the subalpine ug m2yr-!and

were not significantly different between the two elevation zones (p > 0.05).

5.4.7 Litterfall

Aboveground bulk biomass in the alpine (representative of litterfall)
averaged 22.4 + 6.2 ng g'! and was significantly lower than litterfall concentrations
in the subalpine which were 49.0 + 22.0 ng g'! (p < 0.01; Fig. 5-1B). Litterfall in the
subalpine was highest in July and August (Fig S5-1B). Average annual fluxes of
litterfall in the alpine (0.2 + 0.02 ug m2 yr-1) were significantly lower than average

litterfall fluxes in the subalpine (6.5 + 0.8 ug m2yr1).
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Figure 5-1: Total mercury (THg) concentrations in snow, open precipitation and
throughfall (A) and dust and litterfall (B) in the alpine and subalpine.

5.4.8 Total Fluxes

Total fluxes of THg were 12.4 ug m2yr!in the alpine and 15.9 ug m2yr!in
the subalpine (Fig. 5-2). In the alpine, the contribution to total fluxes was
dominated by open precipitation which made up 97 % of total fluxes (12.1 ug m2yr-
1), Litterfall and dust made up 2 % (0.24 ug m2yr?!) and 1 % (0.12 ug m2yr?) of the
remaining deposition fluxes, respectively. Fluxes of THg in the subalpine were also
dominated by open precipitation, which made up 51 % (8.13 ug m-2 yr-!) of total
fluxes. The remaining proportions were from throughfall (32 %; 5.1 ug m2yr1),

litterfall (16 %; 2.1 ug m2yrt), and dust (1 %; 0.10 ug m2yr1?).
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Figure 5-2: Canopy-weighted total mercury (THg) fluxes of open precipitation, dust,
throughfall and litterfall in the alpine and subalpine.

5.4.9 Soil Concentrations and Pools of THg

Concentrations of THg within soils varied across moisture and soil organic
matter gradients in the alpine and subalpine. In the alpine, THg concentrations
averaged 52.2 + 20.6 ng gl in dry areas, 75.8 + 25.4 ng g1 in persistently wet areas,
96.3 £ 29.5 ng g'! in wet areas that dried down slowly and 58.2 + 31.6 ng g'! in areas
that dried down rapidly (Fig. S5-4A). Wet areas that dried down slowly were
significantly higher than dry and wet areas that dried down rapidly (p < 0.05). THg
concentrations in the alpine were significant positively correlated with soil organic

matter (p < 0.01; R2 = 0.35) and soil moisture (p < 0.01; RZ=0.21).
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Concentrations of THg normalized to soil organic matter in the alpine were
0.3 £ 0.1 pg Hg g organic matter! in dry areas, 0.8 £ 0.8 ug Hg g organic matter! in
wet areas, 0.3 £ 0.2 ug Hg g1 organic matter in wet areas that dry down slowly, and
0.3 £ 0.1 pg Hg g1 organic matter in wet areas that dry down rapidly (Fig. S5-4B).
Persistently wet areas were significantly higher than the other soil groups (p <
0.05).

Pools of THg within alpine soils varied across moisture groups averaging 2.0
+ 0.8 mg m 2 in upper 5 cm in dry areas, 4.0 + 1.3 mg m2 in upper 5 cm in
persistently wet areas, 1.5+ 0.6 mg m2 in upper 5 cm in wet areas that dry down
slowly, and 1.5 + 1.0 mg m2 in upper 5 cm in wet areas that dry down rapidly (Fig.
S5-4C). Pools of THg were not significantly correlated with soil moisture or organic
matter in the alpine (p > 0.05) but were significantly higher in the persistently wet
areas compared to the other soil groups. The dry areas also had significantly higher
pools compared to wet areas that dried down rapidly.

In the subalpine, THg concentrations were significantly lower in the dry
forest floor (35.4 + 8.1 ng g'!) compared to wet regions (114.7 + 34.2 ng g'1; Fig. S5-
5A). THg concentrations in the subalpine were significant positively correlated with
soil organic matter (p < 0.01; R2 = 0.65) and soil moisture (p < 0.01; R2 = 0.78).

Concentrations of THg normalized to soil organic matter in the subalpine
were 0.3 £ 0.2 pg Hg g1 organic matter in dry forest soils and 0.2 + 0.1 pg Hg g1
organic matter in wet soils and were not significantly different from each other (p >
0.05, Fig. S5-5B).

In the subalpine, pools of THg averaged 1.3 + 0.3 mg m2 in upper 5 cm in dry
forest soils and 0.9 + 0.3 mg m2 in upper 5 cm in wet regions and were not

significantly different from each other (p > 0.05; Fig. S5-5C). Pools of THg in the
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subalpine were weakly correlated with soil organic matter (p = 0.04; R2=0.15) and
water content (p < 0.01; RZ = 0.25).

Accounting for percent land cover for each soil moisture group in the alpine
and subalpine, the weighted average of THg pools was significantly higher in the
alpine (2.0 = 0.8 mg m2 in upper 5 cm) compared to the subalpine (1.3 £ 0.8 mg m2
n upper 5 cm; p <0.01).

Soil pH in dry soils averaged 4.7 + 0.2 in the alpine and 3.9 + 0.3 in the
subalpine. Across all soil types, pH averaged 4.6 + 0.5 in the alpine and 4.4 = 0.5 in

the subalpine.

5.4.10 Stream Water

Past work from across the Rocky Mountains demonstrated that the majority
of Hg is transported from high-elevation ecosystems in dissolved forms (Mast et al.,
2005; Packer et al., 2020; Shanley et al., 2008). As such, we presume that the
majority of Hg present in our samples is in the dissolved phase. Average THg
concentrations in runoff were significantly lower in the alpine (1.1 + 0.5 ng L'1)
compared to the subalpine (4.8 = 2.5 ng Li'1). Stream THg concentrations and
discharge were highest in June at both sites and decreased throughout the summer
(Fig. 5-3A-B). DOC concentrations were 4.0 = 3.6 mg Li-! in the alpine and 10.2 + 3.7
mg L1 in the subalpine. Sulfate concentrations were 1.7 + 0.5 in the alpine and 1.9 +
0.7 in the subalpine. The ratio of THg to DOC was 0.4 + 0.2 in the alpine and 0.6 +
0.3 in the subalpine.

Due to both lower THg concentrations and lower discharge volumes, average
annual export of THg was significantly lower in Saddle Stream (0.11 + 0.01 pg m2

yr-1) compared to Como Creek (1.13 £ 1.1 pg m2 yr1; p = 0.01).
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Figure 5-3: Total mercury (THg) concentrations (A) and total discharge (B) in
Saddle Stream and Como creek during the sampling period. Note the y-axis log

scale in B.
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To better understand the drivers of Hg export across the alpine and
subalpine, we examined correlations with Hg concentrations and fluxes in runoff
(Fig. 5-4). In the alpine, THg concentrations were strongly correlated to discharge (r
=0.71, p = 0.02) and sulfate concentrations (r = 0.78; p = 0.01). DOC had no
relationship with THg concentrations, but did have a significant positive correlation
with THg fluxes (r = 0.71; p = 0.02), as well as discharge (r = 0.76; p = 0.01). In the
subalpine, both THg concentrations (r = 0.60, p = 0.05) and fluxes (r = 0.97, p <
0.01) were positively correlated with discharge. Weak positive correlations were also
observed with sulfate (r = 0.35), however the relationships were not significant (p =
0.32). Interestingly, DOC had a weak negative relationship were both THg and

sulfate concentrations.
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Figure 5-4: Pearson ranked correlation coefficients for total mercury (THg)
concentrations, THg fluxes, discharge, sulfate, and dissolved organic carbon (DOC)
across the alpine (left matrix) and subalpine (right matrix). Colors denote positive
(red) or negative (blue) correlations and ellipse shape is a proxy for relationship
strength. Asterisks denote significance level; * represents p < 0.05 and **
represents p < 0.01.

5.4.11 Evasion of THg
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For the summer, we used soil THg evasion estimates of 10.5 + 1.2 ug m2yr!
for the alpine. Open precipitation fluxes estimated from Buffalo Pass THg
concentrations and NWT-LTER precipitation volumes from October 2020—April
2021 were 6.3 £ 0.2 ug m2 in the alpine and THg pools in NWT-LTER snowpack
were 1.3 £ 1.0 pg m2. The difference in these values resulted in an estimated THg
loss from snowpack of 5.0 + 1.1 ug m2yr-1. Total evasion rates were calculated by
averaging the summer and winter estimates resulting in 7.75 + 1.15 ug m2yr1.

Evasion of THg from forested ecosystems, particularly coniferous forests,
have high levels of uncertainty associated with them (Blackwell et al., 2014; Landis
et al., 2024). We identified several past studies with similar conditions to our
subalpine site that had evasion rates ranging from -1.0 (Blackwell et al., 2014) to
11.5 £ 0.4 ng m2 yr! (Eckley et al., 2016). We also calculated the difference between
open precipitation fluxes (8.0 + 0.4 pg m-2, Buffalo Pass THg concentrations
combined with NWT-LTER precipitation volumes) and snowpack THg pools (1.8 pg
m-2) to obtain an estimated loss of 6.3 + 3.5 ug m2yr! THg during the winter
months in the subalpine. We then separately averaged the low and high summer
evasion estimates with winter evasion estimates to get a range of average annual

evasion rates from the subalpine of 2.15+ 3.3 to 8.9 + 3.2 ug m2yr-1,

5.4.12Mass Balance of Hg Within the Alpine and Subalpine

We found that both the alpine and subalpine currently act as sinks for
atmospherically deposited Hg (Fig. 5-5). The alpine retains ~46% of atmospherically
deposited Hg with increases in soil Hg pools of 5.69 pg m2 yr-1. The subalpine
retains 24—-63 % of atmospherically deposited Hg, depending on evasion estimates,

with increases in soil Hg pools of 5.87-12.12 ug m2 yr-1.
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Figure 5-5: A mass balance of total mercury (THg) fluxes (ug m2yr1) and storage
(ug m2) in the alpine and subalpine at NW-LTER. The needle with green arrows
represent litterfall, the rain drops with blue arrows represent open precipitation
when not passing through tree canopy and throughfall when passing through
canopy, and dust with brown arrows represent dust fluxes. Blue arrows at the
bottom represent runoff fluxes. Dashed yellow arrows represent estimated evasion
fluxes. Brown text represents soil pools and green text represents vegetation pools.

5.5 Discussion

Our findings demonstrate that the Colorado Rocky Mountains currently act
as sinks for Hg, similar to findings from other studies in high-elevation ecosystems
(Mast et al., 2005; Wang, Yuan, et al., 2020). This sink character is driven by higher
fluxes of inputs via atmospheric deposition compared to losses in runoff and

evasilon.
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5.5.1 Inputs of Hg to High-Elevation Ecosystems are Dominated by Open

Precipitation

In both the alpine and subalpine, open precipitation was the dominant input
of THg from the atmosphere making up 97% and 53% of total inputs, respectively.
This high contribution from open precipitation is surprising in the subalpine since
forested areas typically have atmospheric deposition dominated by litterfall (Wang,
Yuan, et al., 2020). Globally, vegetation Hg uptake is estimated to account for 60—-90
% of terrestrial Hg deposition (Zhou et al., 2021). Studies focused on coniferous
forests at high-elevation, however, are sparse, and, additionally, do not consider
percent canopy cover within those forested regions. Factoring percent canopy cover
can make a particularly big difference for areas like our site in the semi-arid
western U.S. where there is only ~40 % canopy cover in the subalpine and no
canopy cover in the alpine.

Considering percent canopy cover, our study in a high-elevation, coniferous-
dominated forest shows that litterfall makes up only 16 % of total inputs and that
atmospheric THg deposition is instead dominated by open precipitation and
throughfall. This finding is similar to observations made by Blackwell et al. (2014)
in coniferous forests of the Adirondack Mountains where litterfall fluxes accounted
for as little as 21 % of total Hg deposition compared to deciduous forests where
litterfall accounted for up to 65 % of total Hg deposition. Accounting for tree cover
also resulted in considerably lower throughfall fluxes than past forest estimates.
Without factoring in tree cover, our throughfall fluxes were 12.7 ug m2 yr-1, which
was comparable to throughfall fluxes observed by Blackwell et al., (2014) in the
Adirondack Mountains. However, incorporating percent canopy cover results in

fluxes that are much lower in the Colorado Rocky Mountains at ~5.1 ug m2 yr-1.
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The greater proportion of throughfall compared to litterfall Hg fluxes in the
subalpine may also be due to the nature of climate and precipitation conditions in
the Western U.S. In semi-arid ecosystems of the Rocky Mountains, precipitation
typically occurs as pulsed events that are separated by periods of warm, dry
conditions. For example, during the continental monsoon season of the summer, a
storm front will typically build up during the day, peak in the mid-afternoon with a
thunderstorm accompanied by rain, and then return to clear conditions until the
following afternoon (Adams & Comrie, 1997). Because Hg(II) concentrations in the
atmosphere are positively correlated with air temperature and solar radiation
(Blackwell & Driscoll, 2015; Lindberg & Stratton, 1998), warmer, drier weather in
the West likely promotes greater dry deposition to canopy surfaces, and, therefore,
higher throughfall concentrations during periods of rainfall. This phenomenon was
observed by Blackwell and colleagues (2014) in the Adirondack Mountain where
they found significantly higher concentrations of Hg in throughfall during a dry
year compared to a wetter year.

The importance of precipitation in the Western U.S. in transferring Hg from
the atmosphere to the biosphere has also been observed with regards to
bioaccumulation. Janssen and colleagues (2023) found dragonfly larvae from more
arid regions, including Rocky Mountain National Park, had more positive 6200Hg
values (indicative of a greater proportion of Hg bioaccumulating from wet
deposition) compared to areas with greater precipitation (e.g., Olympic National
Park in Washington, U.S.), which had more negative 6200Hg and A20°Hg isotope
values (indicative of Hg source from dry deposition). Miller and colleagues (in prep)
also found a significant, positive relationship between MeHg concentrations in
chickadees and THg fluxes in precipitation along an elevation gradient in the
Colorado Rocky Mountains.
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Although atmospheric Hg contributions from dust were nominal, developing
a baseline for Hg fluxes in dust is particularly important for the Western U.S.,
which is experiencing aridification and desertification at accelerating rates (Duncan
et al., 2007; Duniway et al., 2019; Huang et al., 2020, p. 20; L. Zhang et al., 2013).
Additionally, a long history of mining and industry may influence heavy metals
loads in dust through erosion and extended dry seasons, such as demonstrated in
the Great Salt Lake region of Utah (Blakowski et al., 2021; Lee et al., 2024). Wind
remobilization of loess from soil and glacial deposits has been observed in the Arctic
to distribute elements, including Hg, within dust (Witherow & Lyons, 2008). Olson
and colleagues (2019) found Hg in vegetation was correlated with typical crustal
elements, including Fe, Ti, V, and Ni, which indicate dust as a potential source of
Hg in local vegetation (C. L. Olson et al., 2019). In addition to remobilization of soil
through erosion, wildfire can release previously stored Hg from soils back to the
atmosphere, providing another possible source of Hg through atmospheric
deposition (McLagan et al., 2021).

In general, the presence of tree cover drove higher total inputs of THg into
the subalpine compared to the alpine because of increased dry deposition through
litterfall and throughfall. This finding suggests that in addition to changes in
elevation, shifts in aspect, which drive strong gradients in tree cover and type, may
influence inputs of Hg across mountain ecosystems marking an important area for
future research. As tree line shifts with ongoing climate change (Cazzolla Gatti et
al., 2019; Tourville et al., 2023), there is also potential for changes in atmospheric

Hg fluxes.

5.5.2 Mercury in Runoff is Driven by Snowmelt and Atmospheric Deposition
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The strong correlation in both the alpine and subalpine between THg
concentrations and discharge suggests that spring snowmelt (and large
precipitation events throughout the growing season) are the main drivers of THg in
runoff, an observation supported by a number of past studies (Mast et al., 2005;
Packer et al., 2020; Shanley et al., 2008). Unlike past research, we did not find a
relationship between runoff THg concentrations and DOC concentrations when
examining the alpine and subalpine independently (Fig. 5-4). This result was
surprising since THg concentrations are typically strongly correlated to DOC
concentrations in high-elevation streams (Mast et al., 2005; Packer et al., 2020; X.
Sun et al., 2022). Past studies have attributed this result to flushing of soluble
organic C that accumulates in soils over the winter. Instead, the strong correlation
that we observed between THg concentrations and sulfate concentrations in the
alpine—a constituent primarily derived from atmospheric deposition—suggests that
preferential release of Hg stored in snowpack rather than soils drove changes in
stream Hg concentrations (D. H. Campbell et al., 1995; Mast et al., 2005). The weak
but significant positive relationship between DOC and THg concentration across
both the alpine and subalpine suggests that greater soil development and flushing
of those soils during snowmelt in the subalpine may contribute to higher loads of
Hg, compared to the alpine, even if DOC alone is not the main driver within either
of the sites individually. This finding suggests that DOC controls the baseline
concentration of THg across these sites, but that seasonal changes within each site
are influenced more by snowmelt and precipitation events rather than soil flushing.

Concentrations of DOC in our study were higher than past work by Mast and
colleagues (2005) in the Rocky Mountains. They found peak concentrations of 3.4
mg DOC L1 in the alpine and 7.1 mg DOC L-! in the subalpine. Higher DOC
concentrations in our study may indicate greater soil development and
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mineralization with increasing average soil temperatures over the past two decades.
Interestingly, higher DOC concentrations did not result in greater Hg export as we
would have expected since DOC and Hg are typically correlated. Rather, fluxes of
Hg in our study remain similar to past measurements in the Rocky Mountains,
which explains why DOC and Hg are not strongly correlated. This decoupling of
DOC and Hg raises questions as to the primary drivers of Hg transport, if not from
flushing of surface soils, and highlights important areas for future research of THg
export under a changing climate. For example, this decoupling may indicate that
warming soils release more DOC, but that C-bound Hg is lost via evasion before it
can be transported in runoff. It is worth noting that the lack of correlation between
Hg and DOC may be the result of measuring unfiltered waters (Janssen et al., 2025)
and future analysis of dissolved and particulate fractions may help explain drivers
of Hg loss in runoff more clearly.

Interestingly, we did find that Hg pools in snowpack were greater than total
Hg loads in runoff within both the alpine and subalpine. This pattern suggests that
Hg fluxes in runoff could primarily be explained by atmospheric inputs and that
contributions from surface soil flushing may be less important. We see additional
evidence that supports this hypothesis in late June when a large precipitation event
increased stream discharge and led to an increase in Hg concentrations within
Como Creek. Earlier and faster snowmelt in the future, as well as reduced
hydrologic connectivity, could contribute to less flushing of Hg from surface soils

and greater contributions of Hg directly from atmospheric deposition.
5.5.3 Mercury Pools in Soil are Associated with Soil C
Despite greater inputs of Hg into the subalpine compared to the alpine, pools

of Hg in soil were smaller and the offset cannot be fully explained differences in
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runoff. The subalpine receives 3.5 ug m2yr! (15.9-12.4 ug m2yrl) greater inputs
compared to the alpine, but only 1.02 ug m2yr! (1.13-0.11 pg m2yr!) greater losses
in runoff, leaving ~2.48 ug m2yr! Hg loss that is unaccounted. This difference could
be explained by higher evasion rates in the subalpine and highlights the importance
of better constraining soil-atmosphere fluxes in these ecosystems. This is not the
first time, though, that this discrepancy of elevated atmospheric deposition to
coniferous forests combined with smaller than expected soil pools has been
observed.

Landis and colleagues (2024) used fallout radionuclide chronometry to
directly measure soil Hg accumulation rates in a variety of ecosystems globally.
While they observed Arctic, boreal, temperate, and tropical soils are all efficient at
retaining anthropogenic Hg, they did observe that there was significant GEM re-
emission potential in a group of “low accumulating” soils that were all comprised of
soils found in coniferous forests (Landis et al., 2024). Blackwell and colleagues
(2014) also observed smaller soil pools of Hg in coniferous forest soils compared to
deciduous forest soils in the Adirondack Mountains, despite enhanced deposition in
coniferous stands. The authors from both of these studies proposed several possible
explanations for this discrepancy including greater atmospheric re-emission
(although Blackwell and colleagues (2014) found net storage of deposition), leaching
to mineral soils, greater uptake of Hg by woody structures in conifer trees which
have been shown to store significantly more Hg in roots and stems than hardwood
species (Obrist et al., 2012), or greater export in runoff. Considering the latter
hypothesis, we did observe greater runoff from the subalpine compared to the
alpine. However, our observation does not account for the discrepancy in soil pool
sizes observed between the alpine and subalpine. Additionally, we would assume
that most of the THg lost from soil through leaching would be bound up in DOC;
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however, we did not find a significant relationship between THg and DOC in the
subalpine runoff.

Regardless of uncertainties associated with fluxes of Hg into and from soil,
the larger storage of Hg in the alpine appears to be driven by C dynamics in these
high-elevation sites, evidenced by the fact that THg normalized to soil organic
matter is nearly identical between the alpine (0.33 = 0.13 ug Hg g C-1) and subalpine
(0.33 £0.22 ug Hg g C-1). Interestingly, in addition to finding a strong correlation
between THg concentrations and soil C across these sites, we also found a positive
relationship between soil THg pools and soil C resulting in higher THg
concentrations, THg pools, and soil bulk density in the alpine compared to the
subalpine. This finding is not typical because areas with higher soil organic matter
typically have higher THg concentrations, but lower bulk density, which results in
smaller THg pools. We observed this pattern in the subalpine site where wet soils
have significantly higher THg concentrations, but due to low bulk density (very
peaty soils with high soil organic matter), the THg pools are lower at these sites
compared to the dry soil regions. In the case of the alpine and subalpine, however,
higher soil organic matter content in the alpine (0.19 + 0.07 g C g dry soil1)
compared to the subalpine (0.15+ 0.06 g C g dry soil!) does not lead to lower bulk
density. In fact, bulk density in the alpine (0.7 = 0.3 g cm-3) and subalpine (0.7 £ 0.5
g cm3) are nearly identical. The higher THg concentrations and pools in the alpine
are likely due to colder air and soil temperatures in the alpine, compared to the
subalpine, which results in slower soil mineralization rates over time and the
gradual accumulation of C within the soils.

In many environments, higher soil organic matter is typically driven by
greater litter contirbutions, which have much lower bulk density than mineral soils.
In contrast, soil organic matter accumulation in the alpine results from slower
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decomposition, which does not lead to reduced bulk density. Since Hg binds strongly
to C, the buildup of organic matter in the alpine creates more substrate for Hg to
accumulate, making is less easily lost in runoff and evasion. Overall, this finding
suggests that the larger THg pools in the alpine are a result of soil C dynamics
rather than differences in inputs and runoff between the alpine and subalpine.
These patterns also raise important questions regarding climate change impacts on
rates of C mineralization in high-elevation soils and is discussed further in the final

section.

5.5.4 Limitations in Hg Sink Estimates due to Evasion and Climate Change

When only considering runoff of Hg in our study, we find Hg retention rates
of atmospheric deposition in soils between 93-99 %, comparable to past values
estimated by Mast and colleagues (2005) in Rocky Mountain National Park (82 —
93%). By including evasion estimates in our study, however, annual Hg retention
decreases to 24—63 % in the subalpine and ~ 46% in the alpine. The large
uncertainty regarding Hg evasion rates from soil back to the atmosphere highlights
a major gap in constraining the mass balance of Hg in mountain ecosystems.

Globally, Hg evasion rates remain highly unconstrained with the majority of
studies from the past several decades biased toward Hg-enriched sites, daytime,
and summertime measurements (Agnan et al., 2016). Past work has demonstrated
strong positive relationships between THg fluxes and solar radiation (due to
photochemical reduction of Hg(II) to volatile Hg(0)), soil and air temperatures
(collinear to radiation and also impacted by lower activation energy) (Eckley et al.,
2016; Zhou et al., 2020). While strong correlations exist between Hg fluxes and
substrate concentrations at elevated Hg concentrations, this relationship is absent
at sites at background levels of Hg (<300 ng g'!) and marks an important knowledge
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gap. In forested ecosystems where contributions from leaf-atmosphere exchange is
highly uncertain, flux estimates vary widely ranging from -513-1353 Mg yr!
globally (Agnan et al., 2016). Other uncertainties exist regarding the influence of
litter cover. Agnan and colleagues (2016) found fluxes from substrate to the
atmosphere decreased going from bare soil (1.26 = 1.89 ng m2 hr!) to soil covered
with litter (1.17 + 1.64 ng m2 hr!) to leaf surfaces (-0.06 + 2.17 ng m2 hr?).
Predicting Hg fluxes in mountain ecosystems that typically have both background
Hg concentrations in soils, presence of litter cover, as well as large expanses of
forested areas, is therefore a challenge.

Evasion is likely a large flux in mountain ecosystems where there is intense
solar radiation, large fluctuations in air and soil temperatures, and strong gradients
in soil moisture. By using estimates from past studies, as well as our snowpack
data, we demonstrate that evasion may account for a large percent of THg removal
from both the alpine and subalpine terrestrial ecosystems, with much larger
uncertainty in the latter. Ranges in evasion rate estimates in the subalpine could be
due to patchy solar radiation due to areas of dense, year-round canopy cover (Eckley
et al., 2016). Low soil pH may also contribute to reduced evasion in the subalpine.
Agnan and colleagues (2016) found that soil pH was strongly correlated with Hg
fluxes, with only 29 % of soils with a pH < 5 showing net Hg(0) emissions globally.
In the subalpine, the dry forest floor had pH values ranging from 3.65—4.34 which
may also contribute to varied evasion rates. In general, studies of soils in coniferous
forests have found net storage of deposition. Zhou and colleagues (2020) observing
evasion rates of -0.04 + 0.81 ng m?2 h-! in evergreen pine forests of China (Zhou et al.,
2020) and Blackwell and colleagues (2014) observed rates of -1.0 ug m2 yr-! in
coniferous forests of the Adirondack Mountains. Larger-scale estimates, including
coniferous forest-dominated mountain regions, have estimated much higher evasion
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rates. For example, Eckley and colleagues (2016) estimated losses of 10.5 + 1.2 ug m-
2yr-!in the southern semi-arid highlands of the U.S., which include sites in the
Rocky Mountains (Eckley et al., 2016). Season also appears to be important in
driving the direction of Hg transport in coniferous forests. Zhou and colleagues
(2020) observed net evasion of THg in the temperate coniferous forest soils during
the spring and summer and net storage of atmospheric deposition in the fall and
winter.

Our comparison of THg pools in snowpack to precipitation fluxes during the
winter is a novel approach to estimating loss of Hg from snow through evasion. Our
estimates for the alpine (5.0 + 1.1 pg m2) and subalpine (6.3 + 3.5 pg m-2) fall within
the range of fluxes previously measured for snowpack of 7.63 + 22.87 pg m2 yr-1
(Agnan et al., 2016) suggesting that this is a sound method for estimating Hg loss
during snow covered periods. Since high-elevation ecosystems experience snow
cover for a significant portion of the year, estimating Hg fluxes in these ecosystem
pools is important for overall estimations of Hg mass balance. Indeed, past work
from Niwot Ridge demonstrates that strong, diurnal patterns of photochemical
GEM production in surface snowpack can lead to re-emission losses of deposited Hg
back to the atmosphere (LoNne, 2008). Fain and colleagues (2013) measured
enhanced GEM concentrations in interstitial air of surface snowpack reaching as
high as 8 ng m-3; for comparison, our air measurements from NWT-LTER were 0.92
+ 0.15 ng m-3. In addition, they observed the highest GEM production following
fresh snowfall and that fluxes were not radiation-limited with strong GEM
production even on cloudy days. These high rates of GEM production even under
cloud cover may explain why the subalpine did not have lower evasion rates in

snowpack despite the presence of canopy cover.
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While we observed large uncertainties in evasion within this mountain
ecosystem, across the range of estimated evasion rates considered in our study, both
the alpine and subalpine remain on the “sink” side of the mass balance equation
(Fig. 5-5). However, our observed drivers of inputs, storage, and losses suggest that
continued climate change may push these ecosystems closer to a steady-state, or

even “source”, condition in the coming years.
; y

5.6 The Future of Hg Sink-Source Behavior in High-Elevation Ecosystems

Drier, warmer conditions may increase dry deposition to high-elevation
ecosystems. Because atmospheric concentrations of Hg(II) are elevated during dry
periods with warmer temperatures and more solar radiation (Blackwell & Driscoll,
2015; Lindberg & Stratton, 1998), climate change in the Western U.S. will likely
promote greater dry deposition of Hg to canopy surfaces. When precipitation events
occur, throughfall concentrations will be higher resulting in greater Hg fluxes into
ecosystems, as has been documented in coniferous forests of the Adirondack
Mountains (Blackwell et al., 2014). Succession of vegetation due to glacier retreat
and soil development has also been shown to increase fluxes of Hg to ecosystems via
litterfall (Wang, Luo, et al., 2020). In addition to recently deglaciated terrain,
upward shifts in tree cover in mountain ecosystems more broadly will result in
greater litterfall fluxes, and, therefore, fluxes of Hg (Cazzolla Gatti et al., 2019;
Tourville et al., 2023). Finally, increasing intensity and frequency of wildfire, which
remobilizes Hg from soil and vegetation pools, may lead to greater Hg deposition to
mountain ecosystems via atmospheric deposition when smoke plumes reach
mountain environments (Kumar & Wu, 2019; Zolkos et al., 2024).

Warming air and soil temperatures have the potential to reduce Hg pools in
soil by both increasing soil mineralization rates, as well as the potential for soil
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erosion. As soils warm, increased microbial mineralization draws down soil C pools
(Y. Chen et al., 2024). Since Hg soil storage at our site is strongly driven by C pools,
it is likely that warming soil temperatures and increased mineralization will result
in greater loss of Hg from soils either via runoff or evasion back to the atmosphere.
The lower soil pools of C and Hg in the subalpine likely reflect increased
mineralization with warming temperatures since average soil temperatures in the
subalpine (2°C) are higher than the alpine (0.3°C), an observation that was also
made by D’Al6 and colleagues in the Italian Alps (D’Alo et al., 2021). Loss of soil Hg
in aqueous transport has already been observed in thawing Arctic permafrost soils
(Schaefer et al., 2020), which is the largest pools of Hg globally (Schuster et al.,
2018). These losses may lead not only to reduced storage but even to a flipping from
sink status to source in the coming decades (Bishop et al., 2020). Increased wildfire
activity may also decrease Hg soil pools if the fire occurs within the mountain
landscape. Fires release large amounts of Hg bound up in surface soil layers
resulting in additional Hg loss to the atmosphere (Biswas et al., 2007; Homann et
al., 2015; Webster et al., 2016).

Although soil Hg pools may decrease with warming, shifts in vegetation and
tree cover to higher elevations may offset some of this Hg loss. Since vegetation
efficiently scavenges and stores Hg from the air (Zhou et al., 2021), greater
terrestrial primary productivity at higher elevations may help store more Hg within
these ecosystems as has been documented in the Tibetan Plateau (Wang, Yuan, et
al., 2020). Shifts in plant type, though, may offset some of this loss. Non-vascular
plant species, common of tundra and high-elevation ecosystems, have much higher
Hg concentrations compared to vascular plants within the same area (Olson et al.,
2019). If warming temperatures promote more growth of plants with lower Hg
concentrations, overall storage of Hg within vegetation may decrease.
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Finally, climate change may alter losses of Hg from high-elevation
ecosystems by changes in hydrology, as well as evasion rates. (Bishop et al., 2020).
Loss of Hg from melting glaciers (X. Sun et al., 2022) and thawing permafrost (Mu
et al., 2020) has also been documented within the Tibetan Plateau indicating that
loss of Hg from mountain environments may increase with continued warming.
Glacier melt, however, also initiates vegetation succession within exposed glacier
forefields. This behavior creates a dichotomy where melting glaciers release Hg
originally stored in ice to the atmosphere and downstream, while vegetation
simultaneously takes up Hg from the atmosphere during growth. In the Tibetan
Plateau, Wang and colleagues (2020) found that Hg uptake by vegetation is ~ three-
fold higher than the total Hg mass lost via meltwater suggesting that this glacier-
to-vegetation transition will actually result in high-elevation ecosystems acting as
more of sink in coming decades despite loss of Hg within ice (Wang, Luo, et al.,
2020)..

Earlier and more rapid snowmelt in high-elevation ecosystems (Clow, 2010)
also causes a variety of impacts on Hg transport. Due to higher flow velocities,
earlier, faster snowmelt can increase erosion potential and therefore remobilization
of Hg in soils (Cache et al., 2023). In addition, thawing permafrost features may
connect previously disconnected parts of the landscape to flow paths, thereby
increasing losses of Hg downstream (Hermes et al., 2020). Decreasing snowpack,
however, can also lead to reduced periods of hydrologic connectivity, which may
decrease Hg export by reducing flow of water through surface soils.

Climate impacts on evasion are complex and may cause either increasing or
decreasing fluxes. Drier, warmer soils tend to evade more Hg but if these drivers
also cause greater vegetation growth, the loss of solar radiation may decrease
evasion rates (Eckley et al., 2016). Additionally, changes in extent and depth of
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snowpack will alter net Hg evasion with snow-covered soils typically having
negative or very low evasion rates (Zhou et al., 2020), while snow and ice efficiently
reduce Hg back to the atmosphere (Fain et al., 2013). One study from a hardwood
forest at Hubbard Brook, USA found that increased growing season temperatures
and freeze-thaw cycles increased Hg evasion from soils back to the atmosphere
adding to the source component of these ecosystems (Y. Yang et al., 2019). To better
predict the role of evasion in mountain ecosystems under a changing climate, it is
critically important to better constrain baseline drivers of Hg evasion across

environmental gradients in high-elevation ecosystems.

5.7 Conclusions

This study highlights the complexities of Hg cycling in high-elevation
ecosystems and demonstrates the role they play as sinks of atmospheric Hg
deposition under current climate conditions. Open precipitation made up the largest
proportion of atmospheric Hg inputs into both the alpine and subalpine, despite
40% canopy cover in the subalpine. Litterfall and throughfall contributed important
Hg inputs to the subalpine, but when adjusting for percent canopy cover only
contributed 16 % and 32 % of total Hg inputs, respectively. Dust sources of Hg were
nominal compared to other atmospheric deposition pathways (~1 %), but these
measurements provide an important baseline since future warming and
aridification may increase Hg transport in dust globally. Mercury transport in
runoff was driven by snowmelt and precipitation events, and, unlike past studies,
showed little correlation with DOC concentrations. This lack of correlation suggests
greater Hg sourcing from atmospheric deposition rather than surface soils.

Despite greater inputs of THg into the subalpine compared to the alpine, Hg
pools were greater in the alpine, likely due to enhanced C storage. The larger pool
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size in the alpine cannot be fully explained by larger Hg losses via runoff and
evasion in the subalpine. This finding aligns with global observations that
coniferous forest ecosystems have low Hg-accumulating soils despite elevated
atmospheric inputs and marks an important gap in our understanding of Hg cycling
in high-elevation and boreal regions. The degree to which our study sites retain
atmospherically deposited Hg decreases from 93-99 % when only considering Hg
losses via runoff to 24—63 % when also including evasion. This finding highlights
the importance of including evasion estimates when constructing Hg mass balances
for mountain ecosystems and the need for a better understanding of how different
environmental variables (e.g., soil pH, solar radiation, snow cover, canopy cover)
influence Hg volatilization. Broadly, our findings emphasize that mountain
ecosystems act as complex regions for Hg cycling and highlight the critical need to
constrain the sinks-source nature of these areas in the context of continued climatic

change.
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CHAPTER VI

CONCLUSIONS

The persistent nature of mercury (Hg) in the environment, as well as the
impacts of climate change on Hg biogeochemistry, make it critically important to
determine how this contaminant cycles through Earth’s spheres. Mountain
ecosystems, which are disproportionately influenced by climate change and make
up a large percentage of land surfaces, are particularly important areas for this
research. With this dissertation, I advance quantitative analysis of: (1) the patterns
and drivers of Hg cycling within high-elevation ecosystems, and (2) how climate
change may influence the toxicity and mobility of Hg in the coming decades. This
research provides baseline quantification of Hg inputs, storage, and losses in high-
elevation ecosystems that are hard to access, and, therefore, historically
underrepresented in site-specific studies of Hg cycling. I demonstrate how ongoing
climate change in mountain landscapes may influence Hg biogeochemistry with
implications for Hg bioavailability and storage.

In Chapter II, I present the first comprehensive synthesis of Hg cycling in the
Rocky Mountains, identifying key patterns and drivers of Hg inputs, storage, and
losses across elevational and climatic gradients. These findings highlight the critical
role of climate change-driven shifts in wildfire activity and hydrology in altering Hg
dynamics in semi-arid mountain ecosystems of the western U.S. I also outline
priority area for future research, including quantifying Hg concentrations and
fluxes in dry atmospheric deposition, measuring MeHg production rates in high-

elevation aquatic ecosystems, and characterizing the overall sink-source behavior of
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these regions. Identifying these knowledge gaps helped shape the direction of the
remaining chapters of my dissertation.

Chapter III, is a comprehensive evaluation of Hg cycling across a semi-arid
mountain ecosystem elevation gradient in the Colorado Rocky Mountains. I found
elevation, as well as patterns in precipitation and tree cover drove Hg cycling. The
greatest inputs of Hg were in the mid-elevation zones driven by higher
contributions of litterfall and throughfall. Storage of Hg in soils was greatest in the
alpine due to elevated soil carbon (C), which suggests continued warming could lead
to loss of Hg from these regions via increased soil C mineralization.
Bioaccumulation of Hg into terrestrial food webs was highest in the mid-elevations
likely driven by higher throughfall and open precipitation Hg fluxes. This suggests
that future changes in precipitation may influence Hg toxicity in local wildlife.
Altogether, this study provides a valuable baseline investigation of Hg cycling in
semi-arid mountain ecosystems, while also highlighting important areas for future
research.

In Chapter IV, I assess the potential of increasing sulfate export in alpine
streams to stimulate methylmercury (MeHg) formation in high-elevation wetlands.
As far as we are aware, this is the first assessment of MeHg production rates, as
well as sulfate limitations, in mountain wetlands. Through laboratory incubation
experiments, I found MeHg production increased significantly following sulfate
additions in subalpine peatlands, with the highest rates at moderate sulfate
concentrations that are comparable to those observed in mountain regions. This
study is the first to identify sulfate limitation in mountain wetlands, as well as to
define soil sulfate-related thresholds for MeHg formation.

In Chapter V, I evaluate the sink-source character of alpine and subalpine
regions of the Colorado Rocky Mountains under current climate conditions. Only the
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second such study in the Rocky Mountains, and the first in the past 20 years, this
research provides a more comprehensive mass balance by including Hg inputs via
litterfall and dust, and estimated losses via evasion. I found that alpine regions
retain ~46 % of atmospherically deposited Hg, while subalpine regions retain
anywhere between 24-63 % depending on different Hg evasion estimates. These
findings highlight the need for better quantification of Hg losses via evasion,
particularly in subalpine coniferous forest zones that act as complex regions for Hg
cycling.

The findings from this dissertation emphasize the critical role of mountain
ecosystems in global Hg cycling and provide essential benchmarks for evaluating
the effectiveness of initiatives such as the Minamata Convention. As climate change
accelerates, these ecosystems are likely to experience significant shifts in their sink-
source dynamics, driven by warming temperatures, altered precipitation patterns,
and vegetation changes. My research underscores the need for integrative policies
that address both legacy Hg contamination and emerging challenges posed by
climate change, while also providing actionable data for future research on high-
elevation ecosystems. By bridging gaps in our understanding of Hg cycling, this
dissertation contributes to the broader goal of mitigating Hg’s environmental and

health impacts on vulnerable ecosystems and communities.
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APPENDICES

A. Supplemental Materials for Chapter II1I
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Figure S3-1: Atmospheric air concentrations averaged across all months (A) and for
each month separately (B) for each elevation zone. 6§202Hg averaged across all
months (C) and for each month separately (D).
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Figure S3-2: Monthly litterfall concentrations along the elevation gradient.

195



IS
©

o

S

ID" —— ‘L_l
D45 '®
> ? 2 I
= b,c _— _ ] |z 60
£ 40 £ .
s a a,c '; )
- == - :
S . i
9 9 (4] (4] (%)
N N 'S & N 20- . .
? N @ Q < '
< S S & o 2000 2500 3000

Elevation (m)
Figure S3-3: Soil litter layer THg concentrations for each elevation zone (A) and
plotted against elevation (B).

196

3500



o
(=,
®©
Q
QO

< 0.06
O
(@))
= 0.04/ a
E ————
S a
N 0.02- a —_—
0.00- , ' , ,
(2] 9 < (%] <
& NS y
& & F &
«° Q¥ X

Figure S3-4: Soil MeHg concentrations normalized to soil organic matter.
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Figure S3-5: Chickadee MeHg concentrations across the elevation gradient (lower
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Table S3-1: Table of average open precipitation and throughfall volumes used to
calculate a weighted average throughfall coefficient.

200

Open / Weighted
Open Throughfall Through Average average
Site Volume Volume Coefficient Site Coefficient | coefficient
Plains 40.60 22.73 0.56 Plains 0.59 0.48
Plains 33.00 20.45 0.62 Foothills 0.32
Foothills 79.80 22.50 0.28 Montane 0.41
Foothills 38.90 12.05 0.31 Subalpine 0.60
Foothills 43.90 16.21 0.37
Montane 44.50 18.18 0.41
Montane 33.10 15.91 0.48
Montane 34.80 18.18 0.52
Montane 50.00 10.91 0.22
Subalpine 51.10 21.59 0.42
Subalpine 32.80 24.24 0.74
Subalpine 25.90 20.45 0.79
Subalpine 38.60 11.36 0.29
Subalpine 33.23 25.00 0.75




Table S3-2: Table of predictive models used in the study.

Coefficien
Model type Model p-value R2 AIC t
GLM Precip THg conc ~ Elevation <0.01 336 -0.01
LM Throughfall THg conc ~ poly(Elevation) 0.02 0.13 -53
LM Litterfall THg conc ~ Elevation * Month <0.01 0.21 <0.01
LM Litterfall THg conc ~ poly(Elevation) <0.01 0.09 -1.3
Litterfall THg conc ~ poly(Elevation) *
LM Month <0.01 0.27 -1.9
Litterfall THg conc ~ Elevation (no
LM alpine) * Month <0.01 0.41 <0.01
LM Soil Litter THg conc ~ Elevation <0.01 0.57 <0.01
LM Soil THg conc ~ % Nitrogen <0.01 0.69 1.15
LM Soil THg conc ~ Elevation 0.02 0.21 <0.01
LM Soil THg conc ~ % Water <0.01 0.45 0.03
LM Soil THg conc ~ SOM <0.01 0.49 0.04
LM Soil THg conc ~ % Nitrogen <0.01 0.69 1.15
LM Soil THg conc ~ Sulfate 0.01 0.29 7.6
LM Soil THg conc ~ Precip flux canopy 0.02 0.24 0.14
LM Soil THg pools ~ % water 0.02 0.23 0.02
LM Soil THg pools ~ SOM <0.01 0.41 0.03
LM Soil THg pools ~ % nitrogen <0.01 0.63 1.01
LM Soil THg pools ~ Precip flux 0.02 0.25 0.12
GLM Chickadee MeHg ~ poly(Elevation) <0.01 36 -0.41
GLM Chickadee MeHg ~ THg:SOM 0.07 23 0.04
GLM Chicakdee MeHg ~ Precip THg flux 0.01 20 0.2
GLM Chicakdee MeHg ~ Throughfall conc 0.03 21 <0.01
GLM Chicakdee MeHg ~ Throughfall flux <0.01 7 0.05
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Table S3-3: Percent tree cover, total precipitation, and litterfall mass for the
sampling period

Elevation Percent Total Annual Total Annual
Zone Tree Cover Precipitation (I/m2) Litterfall (g/m2)
Plains 13 590.8 122.2
Foothills 32 548.9 101.4
Montane 35 603.8 101.4
Subalpine 40 832.1 162.2
Alpine 12 719.6 13.1
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B. Supplemental Materials for Chapter IV

Supplementary Text

Extended description of soil analyses

For physicochemical analysis, soils were divided into subsamples based on
drying technique: one subsample was dried at 105°C to calculate gravimetric water
content and loss on ignition (LOI), one subsample was dried at 60°C to determine
total carbon (C) and nitrogen (N), and the remaining soil was air-dried and used to
measure pH and extractable sulfate (SO4%). Loss on ignition was used as a proxy for
total soil organic matter (SOM). Briefly, dried soils were combusted at 550°C for 4-h
following methods outlined byHeiri et al. (Heiri et al., 2001). To measure pH, ~10 g
of air-dried soil was suspended in 20 mL of 0.01 M calcium chloride (CaClg) for 1 h
and measured with a benchtop pH probe (Schofield & Taylor, 1955). Extractable
SO4% concentrations were determined by shaking ~30 g of air-dried soil in 100mL of
0.006 M calcium dihydrogen phosphate (Ca(H2PO4)2*H20) solution and measuring
the filtrate for SO42- using ion chromatography (Metrohm 930 Compact IC Flex;
detection limit 0.1 mg L1 SO42") (Tan et al., 1994). For total C and N, dried and
pulverized soil was packed into tins and measured on a Thermo Finnigan elemental
analyzer at the University of Wyoming Stable Isotope Facility.

Extended description of soil total mercury (THg) and methylmercury (MeHg)
concentration analysis

Soil samples were lyophilized with a FreeZone Labconco at -50°C under 0.1
mm Hg pressure for a minimum of 72 h. Soils were analyzed for THg using atomic
adsorption followed by direct combustion on a Nippon MA-3000 Mercury analyzer.
Analytical quality control was verified by an instrument calibration linearity >

0.995, as well as a method blank (< 0.05 ng/boat), certified reference material
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(CRM) TAEA-475 (Marine Sediment, THg concentration = 29.9 + 1.5 ng g'!), and a
triplicate every 10 samples. IAEA-475 recovery averaged 98 + 5 % and the relative
standard deviation of the triplicates was < 6 % across analyses.

Samples were analyzed for excess T201Hg and ambient THg concentrations
per EPA Method 1631 (Cook et al., 2024; Peterson et al., 2023; U.S. EPA, 2002).
Samples ranging from 50 — 150 mg were weighed into Teflon bombs and 6 ml
hydrochloric acid (HCl) and 2 ml concentrated nitric acid (HNO3z OmniTrace) were
added to each sample. Samples were then brought up to 30 ml total volume with a
5% bromine monochloride (BrCl) solution and heated to 50°C for at least 8 h. Just
prior to analysis, the BrCl was neutralized by the addition of hydroxylamine
hydrochloride and all Hg(II) species were reduced to Hg? by the addition of stannous
chloride (SnClz). Volatile Hg? was then purged from the sample and captured on
gold coated bead traps, desorbed, and detected by cold vapor atomic fluorescence.
Sample analysis was then conducted with the Brooks-Rand “MERX-T” automated
Hg analytical system coupled to the Thermo iCAP inductively plasma-mass
spectrometer (ICP-MS) with a detection limit of 0.014 ng g'1. The CRM IAEA 456
(coastal sediment, THg = 77 + 5 ng g'1) recovery averaged 100 + 10 % and the
relative standard deviation of the triplicates was 3.9 = 0.1 %. Quality assurance
acceptance criteria can be found in Table S4-3 and S4-4.

Ambient MeHg and excess Me201Hg concentrations were determined by
distillation and isotope dilution per the USGS Techniques and Methods 5A-7
(Helmrich et al., 2022; Hintelmann et al., 1995; Hintelmann & Evans, 1997; U.S.
EPA, 1998). Samples were enriched with a MeHg spike, acidified with potassium
chloride / cupric sulfate solution, and distilled by heating to 120-125°C while being
purged with nitrogen gas. The resulting distillate was then buffered with sodium
acetate/acetic acid, ethylated with sodium tetraethylborate (NaTEB), and analyzed
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on the Brooks-Rand “MERX-M” automated MeHg analytical system coupled to the
ICP-MS. MeHg concentrations were calculated using isotopic dilution. Analytical
quality control was performed with a mass bias correction (< 5%) and 1sotope
dilution correction (< 5%) at instrument calibration, as well as an instrument
calibration check standard every six samples (85 — 115% recovery), a method
triplicate (< 25% relative standard deviation of MeHg concentration) every fifteen
samples, and a CRM IAEA 405 (Estuarine Sediment, MeHg concentration = 5.49 +
0.53 ng g1, 80 — 120%) every 15 samples. IAEA-405 recovery averaged 93 + 12 %
and the relative standard deviation of the triplicates was < 8 % across our analyses.

Quality assurance acceptance criteria can be found in Table S3-4.

Extended description of MeHg production potential:

Since this is the first time such an incubation experiment has been conducted
in a high elevation environment, we tested two different water sources for the Hg
isotope tracer solution. For all sites we collected nearby stream runoff
representative of a recent precipitation event and called this “runoff”’. For the
subalpine peatland and solifluction lobe, we additionally collected porewater by
sampling soil directly into plastic bags that were later centrifuged for porewater
extraction in the lab. Porewater and runoff were deoxygenated using ultra high-
purity nitrogen (Ng) prior to preparation of the Hg isotope tracer solution (see
description below). Overlying water from an alpine wet meadow, representative of
recent snowmelt, was collected to saturate the alpine dry meadow soil during the
incubation experiments.

The enriched isotope used to amend the environmental samples was
purchased from Oak Ridge National Laboratories (batch 176506) with the fraction

of 201Hg certified at 98.11%. The 201Hg(II) tracer was preequilibrated with both type
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of filtered waters (runoff and porewater) for a minimum of 4 h after an initial purge
with N2 for 20 min. To match the 200Hg(II) signal from the soil at each site with the
1sotope spike, we targeted 201Hg(II) amendments that were ~ 13% of the ambient
total THg concentrations, since the natural abundance of 20tHg(II) 1s ~ 13 % of the
total Hg mass. This addition resulted in 201Hg(II) abundance double that of the
natural isotope abundance.

All samples were processed within an anoxic environment in a Nz-purged
glove bag. All soils were homogenized; soils from the alpine dry meadow and
solifluction lobe were thoroughly mixed with a clean plastic spoon. Soils from the
subalpine peatland were homogenized in a blender due to high organic content. For
the subalpine peatland and solifluction lobes, 50-60 g of field wet soil were placed
into incubation jars. For the alpine dry meadow, 25-30 g of soil were placed into
incubation jars followed by 25 - 30 ml Nz-purged overlying water to saturate the
sediments, representative of precipitation, or snowmelt, events. All incubation jars
were then sealed and removed from the glove bag for Hg isotope and sulfate
additions.

Isotope spikes and sulfate amendments were added by injecting samples with
syringes through the incubation jar septum. For the alpine dry meadow site, all
samples were spiked with 0.5 ml of 250 ng ml-1 T201Hg of the runoff spiking solution.
For the solifluction lobe, half the samples were spiked with 0.5 ml of 359 ng ml-!
T201Hg of the runoff spiking solution and the other half were spiked with the same
concentration of the porewater spiking solution. For the subalpine peatland, half
the samples were spiked with 0.5 ml of 1248 ng ml-1 T201Hg of the runoff spiking
solution and the other half were spiked with the same concentrations of the
porewater spiking solution. To assess sulfate controls on MeHg production in the
subalpine peatland, additional triplicate soil samples were amended with the runoff
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spiking solution, as well as 50 uM (5 mg sulfate L-1), 100 pM (10 mg sulfate L), and
200 pM (20 mg sulfate L) of a 0.5 M sodium sulfate solution to mimic enhanced
sulfate concentrations in runoff. These amendments resulted in a 50 to 280%
increase 1n soil sulfate concentrations comparable to ~200 % increase in sulfate
concentrations detected within the watershed (Crawford et al., 2020). Triplicates
from each site and each treatment were frozen at time Oh, 24 h, 48 h, and 72 h to
halt the incubation. Samples were stored at room temperature (21.0 - 22.5°C) in
dark boxes to prevent photochemical degradation of Hg species throughout the

experiment.
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Supplemental Figures

Figure S4-1: Global locations where mobilization of sulfate from thawing ice
features has increased over the past several decades with our study site highlighted
in yellow (a). The North Boulder Watershed extent outlined in black with subalpine
peatlands highlighted in yellow and insets of dry meadow, solifluction lobe, and
subalpine peatland (c) sites.
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Figure S4-2: Schematic of methylmercury (MeHg) production assays in soils from
alpine dry meadows, solifluction lobes, and subalpine peatlands. Ambient MeHg
and extractable sulfate concentrations, as well as soil organic matter (SOM)
percentages are indicated over the site photo in the left panel. Total mercury (THg)
concentrations and spike volumes are noted in parentheses for each set of
incubations.
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subalpine peatland soils. The interquartile range is represented by the box, the
median is represented by the horizontal line, 1.5 interquartile range is represented
by the whiskers, and measured data points are represented by the black dots.
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Figure S4-5: Excess total mercury (T2°1Hg) (a) and methylmercury (Me201Hg) (b)
concentrations across the duration of the incubation experiment in alpine dry
meadow and solifluction lobe soils. The interquartile range is represented by the
box, the median is represented by the horizontal line, 1.5 interquartile range is

represented by the whiskers, and measured data points are represented by the
black dots.
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Figure S4-6: Mercury methylation rates (Kmetn) for alpine dry meadow, solifluction
lobe, and subalpine peatland soils for (a) 48 h and (b) 72 h. Lower case letters
indicate significance. The interquartile range is represented by the box, the median
1s represented by the horizontal line, 1.5 interquartile range is represented by the
whiskers, and measured data points are represented by the black dots.

213



(a (b) a

0.03

) a
a
a
E 0.02 a,
> 0.02 ' *
a
K4 :
0.01
a
*
0.00

-1 B | -1 ere] 0.00 -1
OmglL 5mglL 10mgL 20mg L OmglL

Figure S4-7: Mercury methylation rates (Kmetn) for subalpine peatland soils for 48 h
(a) and 72 h (b) of the sulfate treatment (0, 5, 10, and 20 mg SO42 L) incubation
experiment. No significant differences were observed among the treatments (p >
0.05). The interquartile range is represented by the box, the median is represented
by the horizontal line, 1.5 interquartile range is represented by the whiskers, and
measured data points are represented by the black dots.
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Figure S4-8: Ambient methylmercury (MeHg) concentrations for subalpine
peatlands soils at each time point for all sulfate treatments (0, 5, 10, 20 mg SO42- L-

D),
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Figure S4-9: Subalpine peatland extractable soil sulfate concentrations in mg SO42-
per g dry soil for each sulfate treatment across the 3-day incubation experiment.
The interquartile range is represented by the box, the median is represented by the
horizontal line, and the 1.5 interquartile range is represented by the whiskers. For
the 0 mg L1 sulfate amendments, sulfate concentrations were only measured for the
0 h and 24 h time points.
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Figure S4-10: Spatial extent of alpine and subalpine wetlands (yellow highlight)
across the western U.S. (data extracted from the U.S. Fish and Wildlife Services

National Wetlands Inventory). The total land cover of these wetlands 1s ~ 2,230
km?2.
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Supplemental Tables

Table S4-1: Previously documented trends in sulfate concentration in runoff from high elevation ecosystems globally.

NA indicates not available.

Site Increase sulfate Sulfate Sulfate flux #
Name Lat Long Reference Bedrock export rate concentration range Site Site type
(kg ha-1 yr-1)* range (mg L-1)* | (kg ha-1 yr-1)* s
Biotite gneiss 33.2% increase from
Colorado Baron et al., | (80%) and silver | 1991-1999 periodto | 0.5+ 0.19 - 0.86
Rockies | 1029 | -105.66 2009 plume granite | 2000-2006 period in £ 0.28 3.64 - 4.85 1 Streams
(20%) export (~10 -> 30)
Argentine Chillrud et
Andes -41.16 -71.89 al., 1994 NA NA 0.28 - 17.10 NA 1 Catchments
Italian Colombo et Metamorphic
Alps 45.74 7.40 al., 2019 rocks NA 0.29 - 21.87 NA 4 Ponds
Colorado Crawford et PSY_TfaH;b?in > 200% increase
' 40.05 | -105.63 | ~rAWon oL rmanites between 1984 - 2.88 - 4.80 10- 30 1 Streams
Rockies al., 2019 biotite gneiss
. 2015 for fluxes
o and granite
C?o Swiss Del Siro et
Alps 46.42 8.68 al., 2023 NA NA 0.3 -45.0 NA 2 Streams
Iceland NA NA Gislason et NA NA NA NA Catchments
al., 2009
Andrews:
Precambrian
gneiss and Concentrations
Colorado Heil ot al silver plume increased at both
. 40.29 -105.66 v granite; GLV: sites but only fluxes 0.80 - 7.88 NA 2 Catchments
Rockies 2022 . . .
Precambrian increased in GLV
sillimanite- and not in Andrews
biotite gneiss
and granite
Central ~150% increase
. Kolosov et
Siberian 64.27 100.21 basalts between 1960 to NA 11.3 to 27.9 2 Catchments
al.,, 2018
Plateau 2011
Granodiorite, | g oneel iR One,
Tatra 1 g99 | 2004 | Kopaceket | granite, felsic all sites and at NA NA 1 Catchments
Mtns al., 2019 gneiss, and . .
. . higher rates with
mica schist .
more soil cover




61c

>200% increase in
sulfate

Himalaya | 9795 | g6.7 La‘;gig al, Lag* Te?“t“ary concentrations from |  2.76 - 20.16 NA 2 Lakes
s ranites 1990 to 2008 (~50 -
200 ueq/L)
Precambrian Increased by 29
Colorado Manning et metamorphic m/L per decade
. 39.48 -105.81 rocks (gneiss, from 1980 to 2011 50 - 150 NA 2 Catchments
Rockies al., 2013 ; .
schist, (~200% increase
amphibolite) from 1980 to 2011)
~2% site median
increase every year
Colorado Manning et for sulfate
Rockies 38.6 -106.4 al., 2024 NA concentrations NA NA 8 Catchments
(doubling over the
past 30 y)
Precambrian
granite and Increasing by 0.87 -
Colorado Mast et al., gneiss, Tertiary 3.82 ueq/L/yr from
Rockies 39.12 -107.19 2011 basalt flows, 1985-2008 across NA NA 6 Lakes
Precambrian the 6 lakes
quartzite
Precambrian Decreasing trends
Colorado 1 d t two locations
Rockies Mast et al gnge];:: 1'tl?ejtr;ary aEFlat Tops and
39.12 ) -107.19 2011 basalt flows, | Mount Zirkel) and 0.24 -84 NA 7 Lakes
Precambrian increasing in
quartzite Weminuche
Gneiss,
Italian Rogora et limestone, ~300% increase
Alps 46.45 | 844 al.. 2020 dolomite, and | from 1984 to 2017 24-9.6 NA 2 Lakes
calcshists
sillimanite
gneisses calc- N
Himalaya | o7 | gggp | Salernoet silicates, incrgfsgofj£1?1?990 3.84+£6.2-6.1+ NA 20 Lakes
s al., 2016 amphibolites, to 2000 11.8
and K-feldspar
augen gneisses
Peruvian Santofimia
Andes -9.17 -77.58 et al., 2016 NA NA 2.0 - 600 NA 9 Lagoons
200-500% increase
. . in sulfate
ALAlAslt;lSan 47.1 10.86 S(;}llfe; ;; 3et Cf)}ésdti}ilﬁle concentrations from NA NA 3 Lakes

1982 to 2020 across
small to strong rock




0ce

glacier metlwater
influence lakes

No clear increasing

Austrian Schreder et Crystalline trend in areas with
Alps 471 10.86 al., 2023 bedrock no rock glacier 02-125 NA 3 Lakes
input
. Sommaruga Between 1985 and
Austrian 46.74 13.84 Wograth et Varied bedrock . 1995 sulfate has 1.9to0 4.8 NA 57 Lakes
Alps al. 1997 increased by ~150%
’ in 57 lakes
Pre-Triassic
basement and . .
Central Steingruber | metamorphosed ~350% 1nerease in
Alps 46.47 8.72 et al.. 2021 sedimentary concentrations from 2.4-10.8 NA 1 Lakes
{aleozoic and 1980 to 2020
Early Mesozoic
Varied bedrock:
Precambrian
basment,
Northwes Tank ef al voleanic, ~75% increase in ~9.08 - 18.0
Territorie | 6438 | -128.11 | TALCE | MEABIRIG | sulfate loads from NA kg/halyr (~17- | 1 Rivers
< mixed ’ 1970 to 2010 35 Gmol/yr)
sedimentary,
carbonate,
alluvial deposits
700-2000% increase
in sulfate
Austrian 46.97 10.95 Thies et al., metoaizot:;hic concentrations 19-916 NA 9 Lakes
Alps ' ’ 2007 complex (RAS=9.1to0 216 ’
mg/L, SOS = 1.2 to
9.6 ueq/L)
Sulfate increased
. . . significantly across
Itj_"\“};zn 4552 | 732 T;lbe;gl‘;t NA all lakes but don't NA NA 25 Lakes
” have a percentage
change value
Precambrian 29.1 mg/L increase
Colorado Todd et al metamorphic conc;?ltsr"iltfiifs per
Rockies 39.6 -105.88 2012 rocks}(lgntems, decade. (~200% ~50 - 150 NA 1 Rivers
amls)ilillosol’i te) increase from 1975

to 2015)




13¢

~65% increase in

Toohev et sulfate fluxes 52.8 - 88.0
Alaska 61.94 -162.88 al 28716 NA Gglyr) between NA kg/halyr (4500 Rivers
” 1982 to 2014 in - 7500 Gglyr)
Yukon
0.05 to 3.32 mg/L
increase per year
Yukon Van from 1190s to 2020s
. 63.11 -135.11 Stempvoort NA (60-150% increase ~30 - 140 mg/L NA Streams
Territory . .
et al., 2023 in concentration
across those
decades)
Central Wanner et Polymetamorph
Eastern 46.84 10.52 ic paragneisses NA NA NA Streams
al., 2023 . .
Alps and micashists
Primary
sandstone and ~20% increase in
Colorado Zhi et al., mudstone also sulfate
Rockies 38.86 -107.06 2020 with plutonic concentrations from 8 to 9.5 mg/L NA Streams
rock and glacial 2016 to 2019
drift
Carbonate and
Nort? e Zolkos et al su'lflitbfsrlpg ~100% increase in 95 - 205 (7 to
L 67.33 -135.12 s © | UDILS COMLAIMNE | e o fluxes from NA | Streams
Territorie 2018 carbonates, 15 Gmol/yr)
. 1980 to 2015
s sulfides, and
silicates

*Units unless otherwise noted.




Table S4-2: Soil physiochemical variables for North Boulder Watershed sites used in this study. ND indicates not
determined.

Bulk Water
density THg MeHg Sulfate content Total C Total N
Site (g/lem”3) | (nglg) (ng/g) (mg/g) SOM (%) (%) pH (%) (%) Kmeth (day)
Alpine dry 48.2 0.08 + 229+ -0.001 +
meadow 0.76 15.8 0.09 0.01 £ 0.002 21.6 15.9+£9.9 | 4.7£0.2 14.6+£74 | 0.8+£0.2 0.001
Solifluction 79.3 + 0.62 + 15.7 + 55.4 + -0.009 £
lobe 1.06 25.8 0.43 6.18 +5.43 11.8 21.6 43+05 | 11.5+6.1 | 0.8+0.3 0.007
98.3+ 6.77 £ 70.6 + 0.027 +
Peatland 0.16 21.1 3.06 0.36 + 0.27 7.3 84.5+25 | 44+0.2 | 189+£5.0 | 2.0+0.9 0.004
Alpine wet 54.5 + 0.54 + 32.1+ 64.4 +
meadow 0.48 22.4 0.41 0.09 +£0.06 18.6 15.0 4.8+01 | 134+54 | 1.0+£0.4 ND
Riparian 96.9 + 0.80 + 50.8 + 41.4 +
shrub 0.31 36.0 0.69 0.14 +£0.09 19.6 16.2 4.7+0.5 | 32.0+1.6 | 0.3+0.1 ND

GGG



Table S4-3: Methodological details for sediment analysis of total mercury (THg) established by the USGS Mercury
Research Laboratory (Peterson et al., 2023; U.S. EPA, 2002). Quality assurance acceptance criteria reported for

analytical methods.

€¢¢

Analyte, Matrix, and Quality Control Acceptance Description Frequency Instrumentation
Method Objective Criteria
(Result)
THg in Soil by Acid Quality Check <5% Average ongoing Brooks Rand MERX-
Digestion Standards check of instrument M Automated
calibration Methylmercury
Method Triplicate <20% Relative standard Once every 15 System
deviation of THg samples
concentration for Thermo Scientific
triplicate analysis iCAP RQ
of a sample.
Certified Reference 80 - 120% Certified Reference Once every 15

Material (IAEA-475)

Material prepared
and analyzed
similar to samples.

samples




Table S4-4: Methodological details for sediment analysis of methylmercury (MeHg) established by the USGS
Mercury Research Laboratory (Hintelmann et al., 1995; Hintelmann & Evans, 1997; U.S. EPA, 1998). Quality
assurance acceptance criteria reported for analytical methods.

1444

Analyte, Matrix, and
Method

Quality Control
Objective

Acceptance
Criteria
(Result)

Description

Frequency

Instrumentation

MeHg in Soil by
Distillation and Isotope
Dilution

Mass Bias Correction

< 5%

Correction for
instrument mass
bias for the isotope
used for dilution
(Me!99Hg) relative
to Me202Hg.
Relative standard
deviation for five
analyses.

At instrument
calibration

Isotope Dilution
Calibration

< 5%

Calibration of mass
of isotope addition
to samples
(Me%Hg or
Mez204Hg). Relative
standard deviation
for five analyses.

At instrument
calibration

Instrument
Calibration Check
Standard

85 -115%

Percent recovery for
the analysis of a
MeHg standard by
isotope dilution
during sample
analysis.

Once every 6
samples

Method Triplicate

<25%

Relative standard

deviation of MeHg

concentration for

triplicate analysis
of a sample.

Once every 15
samples

Certified Reference
Material (IAEA-405,
estuarine sediment)

80 - 120%

Certified Reference
Material prepared
and analyzed
similar to samples.

Once every 15
samples

Brooks Rand MERX-
M Automated
Methylmercury
System

Thermo Scientific
iCAP RQ




C. Supplemental Materials for Chapter V
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Table S5-1: Open precipitation and litterfall total mercury (THg) concentrations

across the sampling period.
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Table S5-2: Comparison of open precipitation total mercury (THg) concentrations
from June — September at NWT ridge and Buffalo Pass (A) and comparison of snow
concentrations at NWT Ridge to Buffalo Pass winter deposition concentrations (B).
Concentrations were not significantly different between the two locations for either
the alpine or the subalpine for either the summer or winter period (Wilcoxon test, p

> 0.05).

226



60 : NWT
- ® Buffalo Pass
e
E
C
je)

T
‘s 40
kS)
o
o
o)
&
&
=
w 20

Alpine Subalpine
Table S5-3: Comparison of summer precipitation volumes between NWT-LTER and
Buffalo Pass.

While NWT Ridge had higher precipitation volumes on average compared to
Buffalo Pass, the difference between location was not significant for either the
alpine or the subalpine (Wilcoxon test, p > 0.05).
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Table S5-4: Soil total mercury (THg) concentrations (A), THg concentrations
normalized to soil organic matter (SOM) (B), and THg pools (C) across different soil
moisture groups in the alpine. Lower case letters indicate significance among soil
moisture groups.
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Table S5-5: Soil total mercury (THg) concentrations (A), THg concentrations
normalized to soil organic matter (SOM) (B), and THg pools (C) across different soil
moisture groups in the subalpine. Lower case letters indicate significance between
soil moisture groups.
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